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Chapter1
General introduction
Yingying Tang
2Chapter 1
Natural and constructed wetlands
Wetlands, such as marshes, fens, bogs and lakes, exist along the interface between terrestrial and
aquatic environments, their nature, biodiversity and functioning depending on climate, geohy-
drological setting and management. They can be either natural or artiﬁcial, permanent or tem-
porary, with water that is static or ﬂowing (Navid, 1989; Finlayson & Moser, 1991; Mitsch &
Gosselink, 2007). Wetlands are among the biologically most productive ecosystems in the world
(Costanza et al., 1997; Moreno-Mateos et al., 2012) and provide multiple ecosystem services in-
cluding biodiversity, protection of shorelines, ﬂood mitigation, improvement of water quality and
water supply, and carbon (C) sequestration (Mitsch & Gosselink, 2000; Millennium Ecosystem
Assessment, 2005; Clarkson et al., 2013).
It is, however, estimated that worldwide about 50% of all wetlands ecosystems have been lost
due to human activities including drainage of land for agricultural purposes and construction of
dams for hydropower generation or for the creation of water reservoirs (OECD, 1996; Zedler
& Kercher, 2005; Mitsch & Gosselink, 2007). For a large number of the remaining wetlands,
eutrophication is a major environmental issue (Smith, 2003; Anderson et al., 2014), leading to
deterioration of water quality, harmful algal and cyanobacterial blooms, and a serious reduction
in biodiversity (Pretty et al., 2003; Verhoeven et al., 2006; Conley et al., 2009; Le et al., 2010;
Lamers et al., 2015). Eutrophication of wetlands can be caused by direct discharge of domestic,
agricultural and industrial wastewater (external eutrophication; Roelofs (1991)), or by increased
nutrient (including phosphorus, P) mobilization from the soils into water bodies (internal eu-
trophication), especially for eutrophic soils (Howarth et al., 2000; Smolders et al., 2006). To
compensate for the loss of natural wetlands, drained wetlands are being restored and new wet-
lands are being created. In addition, wetlands are speciﬁcally constructed for the removal of
pollutants from wastewater (Mitsch et al., 2005; Wolf et al., 2011). Essentially, all these diﬀerent
wetland ecosystems show similar biogeochemical and ecological mechanisms that are diﬀerentially
regulated by variations in soil and water quality, and in biological communities.
Wetland soils and eutrophication
Soils, major and active components of wetlands, can serve as sinks, sources and transformers of
chemical contaminants such as nutrients and heavy metals, thereby having a signiﬁcant inﬂuence
on water quality and wetland productivity (Reddy & DeLaune, 2008). This is particularly the
case for shallow wetlands (Lamers et al., 2015). Based on their organic matter contents, soils can
be divided into organic andmineral soils, which is important given the pivotal role of microorgan-
isms using organic compounds in biogeochemical cycling. Besides this, several physicochemical
features including the temperature, level of aeration, nutrient availability, pH, soil texture and
organic matter decomposability play key roles. For the research presented in this thesis, peat,
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Figure 1.1. The ﬁve diﬀerent aquatic macrophytes used as model species in this thesis. From left to right: Ceratophyllum
demersum, Chara hispida, and Myriophyllum spicatum (all submerged), Azolla ﬁliculoides, Eichhornia crassipes (ﬂoating).
Source: ian.umces.edu/symbols/.
clay, organic sludge (highly decomposed underwater sediment) and sandy soils were chosen to
represent the variation in wetland soils. Clay soils show a stronger binding aﬃnity for water and
nutrients due to their small particle size generating a large surface area. Peat soils (relatively un-
decomposed organic soils), and highly decomposed underwater soils (sludge) also show a higher
cation exchange capacity than sandy soils, in general. Depending on their eutrophication legacy,
all diﬀerent soil types can show large variations in nutrient availability. In combination with other
physicochemical features related to nutrient mobilization such as redox potential, this results in
large diﬀerences in vegetation type and ecosystem productivity.
Wetland vegetation
Wetland plants, an integral part of both natural and constructed wetlands, play an important
role in the biogeochemical cycling of C and nutrients, and resulting ecosystem services. The re-
creation or rehabilitation of an indigenous vegetation community is therefore required to restore
degraded or destroyed wetlands (Brown & Bedford, 1997). For wetlands that are constructed
as treatment plants, vegetation can be used to assimilate and accumulate nutrients, which can
subsequently be removed from the wetlands by regular harvesting (Li et al., 2009; Tang et al.,
2016a). Macrophytes (plants and macroalgae) growing in wetlands can be divided into three
categories based on their life form: emergent aquatic macrophytes (not included in this thesis),
ﬂoating-leaved aquatic macrophytes, and submerged aquatic macrophytes (Cronk & Fennessy,
2001; Brix, 2003). In this thesis, Ceratophyllum demersum, Chara hispida, andMyriophyllum spi-
catum were chosen a model species to represent submerged macrophytes, while Azolla ﬁliculoides
and Eichhornia crassipes were studied as model ﬂoating macrophytes (Figure 1.1).
Ceratophyllum demersum
C. demersum (commonly known as Hornwort or Coontail) is a non-rooted, submerged aquatic
macrophyte, which can still extract nutrients from the soils by forming modiﬁed leaves (rhizoids)
to anchor to the soils (Toetz, 1974; Keskinkan et al., 2004). However, it mainly takes up nutrients
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directly from water bodies, and can therefore improve water quality (Denny, 1972; Lombardo &
Cooke, 2003). Its ﬁnely dissected or feathery leaves potentially enhance its capacity for assimi-
lation of nutrients and C (Ornes & Sajwan, 1993; Lombardo & Cooke, 2003). In addition, C.
demersum shows a high vegetative propagation and biomass production, even under a moderate
nutrient supply (Aravind et al., 2009; Chorom et al., 2012).
Chara hispida
C. hispida, a submerged aquatic macro-alga in the Charophyta division (known as stoneworts),
possesses ﬁne rhizoids that can anchor to the soils and can consequently absorb nutrients from the
soils (Box et al., 1985; Box, 1986). In addition, Chara spp. can also take up nutrients from surface
water through both branchlets and stems. Although high P concentrations can indirectly suppress
the growth of C. hispida due to shading by phytoplankton (Forsberg, 1964; Blindow, 1992), its
relatively slow decomposition rates, and its ability to overwinter and prolong nutrient storage in
plant biomass, make C. hispida act as an eﬃcient nutrient sink under oligo- and mesotrophic
conditions (Kufel & Kufel, 2002; Rodrigo et al., 2007).
Myriophyllum spicatum
M. spicatum (Eurasian watermilfoil), a submerged aquatic macrophyte, can tolerate a wide range
of environmental conditions including pH, temperature, and salinity. Although submerged
macrophytes are generally less productive than terrestrial and emegent macrophytes due to the
limited diﬀusion rate and availability of carbon dioxide (CO2) in water (Grace & Wetzel, 1978;
Nichols & Shaw, 1986), M. spicatum can use bicarbonate (HCO 3 ) in addition to CO2 as a
C source for photosynthesis (Adams et al., 1978). It can grow fast and spread quickly by seed
production, by rhizome production, and paticularly by fragmentation (Nichols & Keeney, 1976;
Smith & Barko, 1990). In additon, it takes up P from the sediment by its roots and by its leaves
(Carignan & Kalﬀ, 1980; Smith & Barko, 1990), and can ﬂourish in mesotrophic and (slightly)
eutrophic water (Aiken et al., 1979; Melchior, 1997), which makeM. spicatum an ideal candidate
for use in constructed wetlands for both wastewater and nutrient-rich sediment polishing.
Azolla filiculoides
A. ﬁliculoides (Water fern), a ﬂoating aquatic macrophyte, can quickly colonize P-rich waters to
form dense mats. Therefore, this species can eﬀectively be used as a biosorbent for wastewa-
ter treatment alleviating eutrophication of aquatic ecosystems. In addition, due to its very high
growth rates, A. ﬁliculoides has enormous potential to sequestrate atomospheric CO2, thereby
reducing net greenhouse gas (GHG) emissions from wetlands. Its symbiosis with the dinitro-
gen(N2)-ﬁxing cyanobacteria Anabaena azollae enables it to grow well under nitrogen-deﬁcient
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conditions, provided that the availability of phosphorus is suﬃciently high (Hill, 1998; Sanyahumbi
et al., 1998; Van Kempen et al., 2013). After its harvest, A. ﬁliculoides can be used as a green ma-
nure to fertilize crops such as rice paddies, and as food for animals (Moore, 1969; Peters &Meeks,
1989). The species was introduced to Europe in 1880 (West, 1953), after its extinction on this
continent during the last glacial periods (Ekman, 1999).
Eichhornia crassipes
E. crassipes (Water hyacinth), a ﬂoating aquatic macrophyte, has been widely used for wastewater
treatment in natural and constructed wetlands due to its wide tolerance to pollution, high mor-
phological plasticity, high nutrient absorption capacity, ease of propagation (mainly via clonal
reproduction), and rapid growth (Muramoto & Oki, 1983; Méthy et al., 1990; Ding et al.,
1994; Ebel et al., 2007). Furthermore, because of its high growth rates, E. crassipes can sequester
large amounts of CO2. Apart from absorbing nutrients and sequestrating C, E. crassipes can also
serve as a green fertilizer, and as fodder for animals due to its high protein content and richness
of many kinds of vitamins (Isarankura-Na-Ayudhya et al., 2007; Chang & Cheng, 2016). Very
recently (in July 2016), E. crassipes was included in the EU list of invasive alien species to prevent
the introduction and spread of this species (EU, 2016).
Biogeochemical processes in wetlands related to nutrient
and C cycling
There is a suite of biogeochemical mechanisms involved in the processes of C sequestration and
nutrient removal in natural and constructed wetlands, including photosysthesis, decomposition,
methane (CH4) production and oxidation (C cycling), nitrogen (N) in- and output through
groundwater and surface water, atmospheric deposition, N2 ﬁxation, plant N uptake, nitriﬁ-
cation, denitriﬁcation, volatilization, DNRA (dissimilatory nitrate reduction to ammonium),
anammox (anaerobic ammonium oxidation) (N cycling), P in and output, plant P uptake, soil
precipitation and adsorption, and iron oxidation and reduction (P cycling) (Howard-Williams,
1985; Bowden, 1987; Moore et al., 1998).
C cycling
Wetlands play a substantial role in the global C cycling, due to their large soil C storage, major
source of atmospheric CH4, potential net sink of atmospheric CO2, sediment deposition, and
plant biomass (Gorham, 1991; Blodau, 2002; Bridgham et al., 2006; Lamers et al., 2015). Many
wetlands are net CO2 sinks due to the prevailing waterlogged and anaerobic conditions that
slow down decomposition rates and accrete organic matter in soils (Bridges, 1978; Ström et al.,
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2005). However, anaerobic conditions at the same time stimulate the production of CH4, a
greenhouse gas with a 34 times greater global warming potential (GWP) than CO2 on a mass
basis over a 100 year period (Moore et al., 1998; Stocker et al., 2013). There are multiple gas
transport pathways that regulate CH4 emissions into the atmosphere in macrophyte-dominated
wetlands. CH4 that is mainly produced in anoxic soils can be exported by any of the following
three pathways: diﬀusion, ebullition (bubbles from soils), or transport via the aerenchyma of
vascular plants (Bartlett et al., 1988; Tokida et al., 2007; Bastviken et al., 2008). Once diﬀusive
CH4 ﬂuxes reaches oxic-anoxic boundaries, a large part of the CH4 can be oxidized to CO2
by methane-oxidizing bacteria, thereby reducing GHG emissions in terms of GWP (Heilman
& Carlton, 2001; Bastviken et al., 2004; Kosten et al., 2016). However, CH4 transported by
bubbles or through roots and aerenchymatous tissues of macrophytes can escape CH4 oxidation
and subsequently directly be emitted into the atmosphere (Tokida et al., 2007; Natchimuthu
et al., 2014). Given that wetlands both emit CH4 and CO2 (and other GHG such as nitrous
oxide), and sequester CO2 from the atmosphere, a combination of these two oﬀsetting processes
will determine whether a wetland ecosystem acts as a GHG sink or a GHG source.
N cycling
N cycling in wetlands embodies the in- and output of N by surface water, groundwater and
atmosphere, and a series of abiotic and biotic transformations, including N uptake by plants
and algae, mineralization, N ﬁxation, ammonia volatilization, denitriﬁcation, and anammox.
N input from surface water and groundwater has strongly increased in many wetlands, leading
to eutrophication, deterioration of drinking water quality, changes in biotic communities, and
the accumulation of toxins such as ammonia and ammonium (Smolders et al., 2010; Zaman &
Blennerhassett, 2010; Lamers et al., 2015). Biological N2 ﬁxtion represents an important natural
N input to wetland ecosystems and can maintain ecosystem productivity when ﬁxed N supplies
are depleted (Howarth et al., 1988; Reddy & DeLaune, 2008). Atmospheric N deposition has
changed from a relatively unimportant N resource to a sometimes dominant N source, due to
the increase in anthropogenic N emissions induced by human demands for food and energy
(Galloway et al., 2008; Bobbink et al., 2010). Denitriﬁcation is the principal process by which
N can ultimately be removed from wetlands and also the main pathway by which nitrous oxide
(N2O), another greenhouse gas having a GWP of 298 times CO2 over a 100 year time scale,
is emitted to the atmosphere (Weier et al., 1993; Stocker et al., 2013). In addtion to coupled
nitriﬁcation/denitriﬁcation, nitrogen losses from wetlands can also be attributed to the annamox
process, anaerobic ammonium oxidation coupled to nitrite reduction (Erler et al., 2008; Zhu et
al., 2010). The importance of ammonia volatilization depends on the pH of the water column,
and this process may be important for submerged macrophyte-dominated wetlands due to high
pH during the day (pH > 8.5) induced by photosynthesis of submerged macrophytes (Reddy et
al., 1984; Vymazal, 2007).
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P cycling
As a result of anthropogenic changes, P input into wetlands by surface water, groundwater and
(to a small degree) atmosphere has increased, resulting in shifts in vegetation composition and
resulting faunal communities (Grime, 1974; Lamers et al., 2015). Next to changing biotic com-
munities by changing competitive interactions, a large part of this P can be bound to wetland
sediments. Abiotic P immobilization and mobilization by wetland soils is regulated by a suite
of soil characteristics including pH, the amount and type of clay minerals, redox potential, iron
(Fe), calcium (Ca) and aluminum (Al) content of soils, and organic matter content (Khalid et
al., 1977; Smolders et al., 2006; Reddy & DeLaune, 2008; Lamers et al., 2015). High pH can
cause P liberation from Fe-bound and Al-bound P primarily due to ligand exchange reactions in
which hydroxide ions (OH ) replace orthophosphate (PO3 4 ), while P can be immobilized by
co-precipitation by calcium carbonate (CaCO3) or Ca2+ ions at high pH (Boström et al., 1988;
Reddy & DeLaune, 2008). In soils, P can also be ﬁxed to iron (III) oxides and hydroxides. Due
to its role as an alternative electron donor in microbial Fe(III) reduction (Küsel et al., 2002; Cha-
con et al., 2006), Fe cycling is tightly linked to both P and C cycling. The input of labile organic
matter can lead to mobilization of P by the reduction of ferric iron (Fe (III)) to ferrous iron (Fe
(II)). Fe (II) has a lower P-binding eﬃciency than Fe (III) (Patrick Jr. & Khalid, 1974; Smolders
et al., 2001; Emsens et al., 2016), leading to P release from soils to the water layer. Increased
rates of microbial sulphate reduction can also lead to P mobilization, as sulphide (produced by
sulphate reduction) interferes with the iron-phosphorus cycle, by reducing iron(III) (hydr)oxides
and iron(III) phosphates. Subsequently, highly insoluble iron sulphides (FeSx) are formed, re-
ducing the availability of Fe to bind P (Smolders et al., 2006). Soils with high non-labile organic
matter contents (peat soils) or high clay content can strongly contribute to P retention due to
their high concentration of P-sorption sites (Ramulu et al., 1967; Harter, 1969).
Main objectives and outline of this thesis
The main goal of this thesis was to study and optimize nutrient uptake and C sequestration in
macrophyte-dominated wetlands. To achieve this, a series of laboratory and mesocosm experi-
ments was carried out to study the roles of both soil and vegetation type, and focusing on both
biological and biogeochemical processes related to these wetland services.
It is well known that P can easily become mobilized from soils to the overlying water after the
restoration of wetlands and the construction of permanent or riparian (temporarily ﬂooded) wet-
lands on former agricultural lands. As this leads to eutrophication problems, it is urgent to ﬁnd an
easy tool to predict P release rates after short-term ﬂooding that is widely applicable to a range of
diﬀerent soil types. In Chapter 2, we combined experimental work on P mobilization rates with
the measurement of a suite of soil characteristics for a large set of diﬀerent soils ranging from sandy
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to highly organic. In addition, we determined the temperature dependence of P-mobilization, to
be able to correct for temperature related seasonal variations. The results can be used as a standard
method to support land and nature managers in their decision-making concerning the optimal
locations for the construction and restoration of wetlands.
Next to acting as nutrient sources, soils can also serve as nutrient sinks in both natural and con-
structed wetlands. In Chapter 3, we used a full factorial outdoor mesocosm design to test the
eﬀects of diﬀerent nutrient loadings on the resulting distribution of nutrients over diﬀerent com-
partments: water layer, plant biomass and soil. In the experiment we compared diﬀerent plant
species (C. demersum, C. hispida, M. spicatum and A. ﬁliculoides) in combination with diﬀerent
soil types (peat, peaty clay and clay soils). The outcome of the results enables the selection of ef-
ﬁcient macrophytes species for wastewater polishing depending on nutrient loading rates, which
is essential for decision support in water management using constructed wetlands for nutrient
removal by biomass harvesting.
In addition to nutrient removal, macrophytes also play an important role in the regulation of
GHG ﬂuxes. In Chapter 4, we determined the eﬀects of plant density and sediment rooting on
nutrient dynamics and GHG ﬂuxes of E. crassipes vegetation, using a full factorial, controlled in-
door aquarium experiment. Our ﬁndings highlight the importance of incorporating plant grow-
ing conditions when assessing regional greenhouse gas ﬂuxes for wetlands.
Chapter 5 studies the role of sediment composition in P mobilization and GHG emission in
wetlands dominated by A. ﬁliculoides. The mobilization of Fe and P into the water layer, their
assimilation by Azolla, and GHG emissions were determined for two inundated agricultural soils
with diﬀerent Fe reduction rates, in a full factorial, indoor aquarium experiment. We showed
that organic matter composition, rather than Fe or P content, could explain Fe reduction rates,
which in turn strongly regulate the emissions of GHG, dissolved organic carbon (DOC) and P
from Azolla dominated wetlands.
Finally, in Chapter 6, a conceptual design is proposed to optimize nutrient removal and C se-
questration in wetlands, based on the synthesis of the results of the laboratory and mesocosm
experiments described in the previous chapters. In addition, the implications for water manage-
ment, land management, and resource management are elaborated in this chapter.
Chapter2
A tool for easily predicting
short-term phosphorus
mobilization from flooded soils
Yingying Tang, Monique M.L. Van Kempen, Tjisse Van der Heide, Johan J.A. Manschot,
Jan G.M. Roelofs, Leon P.M. Lamers, Alfons J.P. Smolders
Ecological Engineering 94 (2016): 1-6
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Chapter 2
Abstract
The construction and restoration of riparian (temporarily ﬂooded) wetlands as water storage and
ﬂood protection areas plays a central role in climate-adaptive water management. In general,
arable and ex-arable lands are used for this type of water storage. However, inundation may lead
to problems, as excess phosphorus (P) stored in these soils may be released and result in the eu-
trophication of the overlying surface waters. Clearly, water and nature managers need to be able
to determine for which areas temporary water storage would be a feasible option without causing
eutrophication problems. Here, using a controlled experimental approach, a simple predictive
tool for the P mobilization rates from soils upon short-term inundation has been developed. A
large suite of soil characteristics and P mobilization rates were determined during ﬂooding for dif-
ferent soil types (peat and sand), at two diﬀerent depths to mimic topsoil removal (topsoils and
soils from 30 to 60 cm below ground level), and at two temperatures to test seasonal inﬂuence
(8C and 18C). Increasing the temperature from 8 to 18C almost tripled P mobilization rates,
but the variation could not be linked to any of the soil characteristics measured - average Q10
(temperature coeﬃcient) values were 2.8 (2.9 for peaty soils, 2.6 for sandy soils). Although P
mobilization was related to P saturation of amorphic Fe, water-extractable P was found to be by
far the best predictor for short-term P mobilization rates, explaining 86.9% of the variation. The
predictive tool for P mobilization after short-term rewetting is simple, low-cost and widely ap-
plicable, and can support water managers during their decision-making processes concerning the
optimal location for the construction of water storage areas, the restoration of riparian wetlands,
and the combinational use of diﬀerent ecosystem services.
A tool for easily predicting short-term phosphorus mobilization
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Introduction
Tomeet the challenges of population growth and climate change, landscapes are increasingly being
designed for multi-functional use, combining ecosystem services to enhance land use eﬃciency.
It is predicted that the frequency of severe ﬂooding events in Europe will increase in the future
due to the intensiﬁcation of the global hydrological cycle resulting from climate change (IPCC,
2014; Alﬁeri et al., 2015). To deal with this, temporary water storage areas are essential during
peak discharge periods to prevent ﬂooding of urban areas. In addition, new riparian wetland areas
are being developed to improve water retention and water puriﬁcation, to reduce greenhouse gas
emissions, to increase nature restoration, and for recreational use. Such new areas for water stor-
age, ﬂood protection and/or riparian wetland restoration are frequently planned for both arable
and formerly arable lands. As the extensive use of fertilizer and manure during farming generally
have exceeded the output in primary production, large amounts of phosphorus (P) have accumu-
lated in these soils (Richardson, 1985; Barberis et al., 1995; Pant & Reddy, 2003; Smolders et
al., 2008; Geurts et al., 2011). Flooding of these P rich lands often causes eutrophication of the
overlying water due to ﬂood-induced mobilization of P resulting from oxygen (O2) depletion in
the soil (Richardson, 1985; Lamers et al., 1998; Lamers et al., 2001; Loeb et al., 2007). The nu-
trient release and the accumulation of reduced chemicals, such as ammonium and sulﬁde, leads to
algal and cyanobacterial blooms, a die-oﬀ of target vegetation, a decrease in biodiversity, and an
overall loss of wetland environmental quality (Pretty et al., 2003; Smolders et al., 2006; Conley
et al., 2009; Lamers et al., 2015). Clearly, these eﬀects undermine the intended multi-functional
land use.
For water security and environmental quality reasons, water managers need to be able to select
temporary water storage areas wisely. However, currently there exists no simple investigative tool
to aid in the selection of suitable locations, and an easy and cost-eﬀective method to classify the
potential P mobilization rates of diﬀerent soils during short-term ﬂooding events would be of
great value so that lands with low P mobilization rates can be selected as areas for temporary
water storage and retention and/or restoration of riparian wetlands.
It is well known that changes in iron (Fe) reduction rates (Mortimer, 1941; Ponnamperuma,
1984; Richardson, 1985), sulfate (SO2 4 ) reduction rates (Caraco et al., 1989; Moore & Reddy,
1994; Lamers et al., 1998), decomposition rates (McLatchey & Reddy, 1998), and interactions
among Fe, sulfur (S), P and O2 (Smolders et al., 2006; Loeb et al., 2007; Cusell et al., 2013)
strongly determine the actual P mobilization rates of soils upon inundation. In the present study,
a suite of soil characteristics related to these mechanisms were determined for a large number of
agricultural soils, in relation to their P mobilization rates to the overlying water. The aim was to
ﬁnd a reliable, simple indicator that could accurately predict P mobilization during temporary
ﬂooding for a wide range of soils.
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As P mobilization may depend on organic matter content (McLatchey & Reddy, 1998), diﬀerent
soils were used in this study to create a large range of soil organic matter contents. Since topsoil
removal is an important measure when creating temporary storage basins, speciﬁcally to reduce
P availability during ﬂooding (Van Dijk et al., 2004; Emsens et al., 2015), deeper soil layers
( 30 to  60 cm) were included to test P mobilization after topsoil removal. In addition, to test
the inﬂuence of seasonal variation in temperature on P mobilization (Boers & Van Hese, 1988;
Liikanen et al., 2002) two temperatures were used (8C and 18C).
In order to ﬁnd a reliable, simple indicator that could accurately predict P mobilization during
temporary ﬂooding for a wide range of soils, this study needed to answer the following ques-
tions: (i) which soil characteristics can be used for the prediction of P mobilization rates during
short-term ﬂooding; (ii) does the predictability of P release diﬀer for soils with diﬀerent organic
matter contents, as well as for topsoil versus deeper soil; and (iii) how does temperature aﬀect P
mobilization rates.
Materials andmethods
Fieldwork
Soil samples were collected using standard sharpened stainless steel cylinders (coring method)
in October 2013 in the following areas (see Supplementary Table 2.1 for all coordinates): Zuid-
plas (strongly decomposed peat; 51590N, 4390E; 5 locations), Burkmeer (strongly decomposed
peat; 52250N, 4590E; 3 locations), Ilperveld (strongly decomposed peat; 52260N, 4550E;
4 locations), Wormer-Jisperveld (strongly decomposed peat; 52310N, 4490E; 4 locations),
Stelkampsveld (sand; 52060N, 6280E; 2 locations) and Hallerlaak (sand; 52040N, 6220E;
5 locations) (n= 23). At each of the 23 locations soils were sampled at 0 to 30 cm and 30 to
 60 cm depth, with the deeper soil samples mimicking the situation after top-soil removal. The
soil samples were put in plastic bags and kept at 4C until further analyses.
Soil analyses
Fresh soil samples were volume-weighed and subsequently dried (48 h, 60C) after which they
were re-weighed to determine bulk density, and subsequently grinded with a mortar and pes-
tle. Organic matter content was determined by loss on ignition (4h, 550C. 200 mg of dry soil
was digested in a microwave oven (MLS-1200 Mega, Milestone Inc., Sorisole, Italy) using 4 mL
65% HNO3 and 1mL 30% H2O2 to determine total sediment Fe and P concentrations. Di-
gested solutions were then analyzed with inductively coupled plasma-optical emission spectrom-
etry (ICP-OES; IRIS Intrepid II, Thermo Electron Corporation, Franklin, MA, USA). Water
extracts were derived by incubating 17.5 g fresh soil in 50 mL Milli-Q for 2 hours at 105 RPM,
A tool for easily predicting short-term phosphorus mobilization
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and Olsen P extracts (plant available phosphorus) were derived by incubating 3 g of dry soil in
60 mL NaHCO3 for 0.5 hour at 105 RPM (Olsen et al., 1954). Oxalate extracts were used to
determine the concentrations of amorphous Fe and Fe-bound and aluminum- (Al-) bound P by
incubating fresh soil material, corresponding to approximately 2.5 g dry weight in a 50 mL mix-
ture of ammonium oxalate monohydrate and oxalic acid dehydrate in the dark for 2 hours at 105
RPM (Houba et al., 1989). Extracts were collected in vacuum ﬂasks using rhizons, after which
the samples were decanted in 10 mL test tubes. The Olsen and oxalate extracts were diluted 5
and 4 times, respectively, before they were decanted in the test tubes. 0.1 mL of 65%HNO3 was
added to the test tubes (10 ml) containing the water extractions to avoid precipitation of redox
sensitive compounds. Samples were kept in the dark at 4C until further chemical analyses.
Experimental set-up
At the start of the experiment 400 mL of each soil sample was placed in 1L infusion bottles.
Next, 600 mL of a standardized solution containing 1000 mol L 1 NaHCO3, 1000 mol L 1
CaCl2.2H2O, 250 mol L 1 KCl and 500 mol L 1 MgSO4.7H2Owere carefully added to all
bottles. The open bottles were placed in the dark, either at 8C (‘low temperature’, L), or at 18C
(‘high temperature’, H). The experiment comprised 122 infusion bottles in total (18C: 42 peat
and 28 sand soils; 8C: 29 peat and 23 sand soils), and the incubation was for 6 weeks. During
the experiment 20 mL surface water samples were collected twice weekly for the ﬁrst three weeks
and once every week for the last three weeks. After each sampling, 20 mL fresh surface water
solution was added to compensate for the loss of the sampling volume for which was corrected in
the calculation of P mobilization rates.
Analyses
Concentrations of PO4 in the surface water were measured colorimetrically (Bran & Luebbe Au-
toanalyzer III, Norderstedt, Germany) using ammonium molybdate (Geurts et al., 2008). Total
P, Fe, S were analyzed by ICP-OES (see above). At the end of the experiment, O2 concentrations
in the surface water were measured in all bottles with an optical oxygen probe (Hach LDO, Hach,
Loveland, CO, U.S.A.).
Calculation of P release from sediments and Q10
For the time span which showed a linear increase of surface water PO4 concentration over time,
P mobilization rates from soils into the overlying water were calculated by linear regression. The
eﬀect of increasing the temperature by 10C on biogeochemical rates, also known as the Q10
temperature coeﬃcient, was determined by dividing mobilization rates at 18C by those at 8C.
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Statistical analyses
In order to meet the assumption that residuals ﬁt a normal distribution, P mobilization rates (re-
sponse variable) and most of all selected soil characteristics (predictor variables) were transformed
by log10 (variable) or by log10 (variable + 1) (Bartlett, 1947) in cases where the lowest value of a
variable was below one. For P mobilization rates, models with all possible subsets of all selected
soil characteristics were ﬁtted. Coeﬃcients of each predictor variable across all considered models
were averaged and their 95% conﬁdence intervals (CIs) were calculated (Burnham & Anderson,
2002). An eﬀect of predictor variable on the response variable was considered signiﬁcant if CIs did
not include zero. The relative importance (w) of each predictor variable was calculated by sum-
ming the weights of the Akaike information criterion (AICc: correction for small sample size)
across all considered models, where a given predictor variable occurred (Burnham & Anderson,
2002), with 1 being the best predictor and 0 the worst. The inﬂuence of water-extractable P and
temperature on P mobilization rates (both having aw > 0.9) was analyzed using linear regression
models. All analyses were performed using the software program R (version 3.2.1; R development
Core Team, 2015); model-averaged coeﬃcients were tested by ‘MuMIn’ package (Bartoń, 2015).
Q10 values were considered to correlate signiﬁcantly with soil characteristics when P < 0.05.
Results
As bulk densities of soils diﬀer depending on their origin, the units mol L 1 or g L 1 soil fresh
weight were used instead of mol g 1 or g g 1 soil dry weight for selected soil characteristics. P
mobilization rates (See Supplementary Table 2.2 for P mobilization rates and soil characteristics)
were calculated by linear regression of surface water PO3 4 concentrations at diﬀerent times during
short-term ﬂooding, and expressed per unit soil surface.
Best predictors
P mobilization rates were best predicted by the combination of water-extractable P and temper-
ature under aerobic surface water conditions (oxygen contents: 8.38  0.09 mg L 1 and 9.52
 0.10 mg L 1 for 18C and 8C respectively), with w > 0.9 for both variables (Table 2.1).
Moreover, 88.1% of the variation in P mobilization rates could be explained by constructing a
linear model using only these two variables, and a model including only water-extractable P was
already able to explain 86.9% (Table 2.2). After water-extractable P and temperature, organic
matter content and Fe/Ptotal ratios had the greatest eﬀect on P mobilization rates, with w being
0.59 and 0.50, respectively. Finally, soil depth and soil type showed much lower w values than
the four predictor variables (Table 2.1).
A tool for easily predicting short-term phosphorus mobilization
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Table 2.1. Model-averaged global regression coeﬃcients and 95% of CIs from the model of P mobilization rates against
soil characteristics showing Akaike weights (w) > 0.24; Coeﬃcients are in bold where CIs do not overlap 0; Values of w
represent the relative importance of the predictor variable based on summing weights of models where the given variable
occurred; OM represents organic matter content; Pwater represents water-extractable P.
Terms Coeﬃcient Standard error Lower CI Upper CI w
Pwater 0.732 0.106 0.521 0.943 1
Temp H 0.170 0.370  0.566 0.907 0.93
Temp L 0.011 0.370  0.725 0.746
OM  0.118 0.142  0.400 0.165 0.59
Fe/Ptotal  0.094 0.145  0.382 0.194 0.50
peat 0.251 0.497  0.739 1.241 0.41
sand 0.173 0.416  0.655 1.001
Stotal 0.051 0.102  0.152 0.255 0.39
Fe/Stotal 0.044 0.182  0.318 0.406 0.36
Ptotal 0.030 0.127  0.223 0.284 0.33
Polsen 0.040 0.117  0.194 0.273 0.33
Fe/Pwater  0.026 0.063  0.151 0.099 0.32
Fe/Poxalate  0.002 0.108  0.217 0.213 0.30
Top layer 0.132 0.393  0.649 0.913 0.25
Deep layer 0.139 0.388  0.633 0.912
Table 2.2. Results from linear regressionmodels of Pmobilization rates in relation to water-extractable P and temperature,
and water-extractable P only.
Explanatory terms in model R2 P AICc
Pwater+ Temperature 0.881 0.000***  14.517
Pwater 0.869 0.000***  11.021
Effects of best predictors
P mobilization rates correlated linearly (P < 0.001) with water-extractable P concentrations at
both temperatures (Fig. 2.1) (Table 2.3). At 18C 89.3% of the variation in P mobilization rates
could be explained for all soils; at 8C 86.5% of the variation in P mobilization rates could be
explained for all soils (Table 2.3).
Temperature effect
The Q10 of soil P mobilization rates did not correlate (P > 0.05) with any of the selected soil
characteristics, including organic matter contents (Fig. 2.2). Results show that most Q10 values
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Figure 2.1. Correlations between P mobilization rates and water-extractable P concentrations for all temperatures, and
for high (18C; indicated H) and low temperatures (8C; indicated L) separately.
Table 2.3. Results from the linear regression analyses of water-extractable P concentrations on P mobilization rates; y
represents P mobilization rates; x represents water-extractable P concentrations; All represents all incubations at both
temperatures; H (high temperature) represents incubations at 18C; L (low temperature) represents incubations at 8C.
models formula R2 P
All log10(y + 1) = 0:554  log10(x) 0.869 0.000***
H log10(y + 1) = 0:622  log10(x) 0.893 0.000***
L log10(y + 1) = 0:488  log10(x) 0.865 0.000***
remained in the range of 1–3 and that Q10 of soil P mobilization rates were on average 2.8, 2.9
and 2.6 for all, peat and sand soils, respectively.
Discussion
Prediction of flooding-induced Pmobilization
P mobilization rates in the present study varied between 0.010 and 1.280 mg P m 2 d 1. Of
all selected soil characteristics, water-extractable P was the best predictor of P mobilization rates
upon short-term ﬂooding; 86.9% of the variation in P mobilization rates could be explained by
this variable. Increasing the temperature from 8 to 18C almost tripled P mobilization rates,
but the variation could not be linked to any of the soil characteristics measured. In contrast
to water-extractable P, total P concentration in soils could not be used to accurately predict P
A tool for easily predicting short-term phosphorus mobilization
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Figure 2.2. Correlations betweenQ10 and organic matter contents. Most Q10 values stayed in the range of 1–3 indicated
by the dashed lines. Note the logarithmic scale of the y-axis.
mobilization rates. Based on P sorption and desorption characteristics, Hooda et al. (2000)
similarly showed for clay and loam soils that next to Olsen P and P on Fe-coated paper, water-
extractable P could predict P desorption. For a cluster of four areas diﬀering in fertilization
history, all with Spodosoil soil type. Pant and Reddy (2003) similarly showed that water-soluble
P together with acid-extractable magnesium explained a large part of the variation in P desorption
rates. Based on a large data set, the results show that water-extractable P can be used as a general,
widely applicable and low-cost predictor that can be used by water managers and other natural
resource managers.
For underwater soils, Fe plays an important role in modulating P mobilization to the overlying
water layer (Jensen et al., 1992; Smolders et al., 2006; Smolders et al., 2010; Geurts et al., 2011),
as oxidized Fe binds P at the soil-water interface (Einsele, 1938; Mortimer, 1941). For ﬂooded
soils, the same mechanism can be expected to play a role (Loeb et al., 2008). Under aerobic
conditions, P is ﬁrmly bound by iron (III) oxides and hydroxides. After ﬂooding, however, oxygen
soon becomes depleted in the soil and Fe (III) is used as an alternative electron acceptor for the
microbial oxidation of organic matter and reduced to the more mobile Fe (II) (Patrick Jr. &
Khalid, 1974; Roy & Bickerton, 2014). P formerly bound to Fe (III) oxides and hydroxides
becomes mobile and dissolves in the pore water (Loeb et al., 2007). Depending on whether the
soil-water interface is aerobic or anaerobic, P may either be trapped in the interface due to the
re-oxidation of Fe (II) to Fe (III) (Gunnars & Blomqvist, 1997) or be mobilized to the overlying
water. Although the ratio between Fe and P in water or oxalate extracts showed much lower
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Akaike weights than P in water, extracts for the overall analysis of soils with water-extractable
Fe: P > 5 all showed low P mobilization rates, below 0.067 mg m 2 d 1, even when water-
extractable P reached 8 mol L 1 FW (data not shown). This is a strong indication that Fe
plays an important role in P mobilization rates as long as the water layer is aerobic, similar to
underwater soils (Geurts et al., 2011). This also means that if ﬂooding water becomes anaerobic,
for instance by the cover of ﬂoating-leaved plants (Van Kempen et al., 2012), or by the prolonged
ﬂooding of soils, resulting in oxygen depletion and increasedmicrobial use of iron as an alternative
electron acceptor (Lamers et al., 1998; Zak & Gelbrecht, 2007; Loeb et al., 2008) P mobilization
rates may become much higher than those measured here because of the release of iron-bound
(oxalate-extractable) P.
Next to Fe, S has also been shown to play a signiﬁcant role in P mobilization from ﬂooded soils.
Under anaerobic conditions SO2 4 is reduced to sulﬁde which has a much stronger aﬃnity to
Fe than P, leading to FeSx precipitation (Sperber, 1958; Lamers et al., 2002b; Zak et al., 2006;
Smolders et al., 2010). Consequently, Fe becomes less available for binding P, which can lead to
an additional release of P (Smolders et al., 2006). In this study, the inclusion of S-related variables
did not add to predictability (Table 2.1). However, this may change after prolonged ﬂooding of
soils subjected to high SO2 4 loads (Lamers et al., 1998).
Implications for wetland creation
The present study shows that it is indeed possible to predict potential P release rates from a wide
range of agricultural and former agricultural lands under aerobic surface water conditions dur-
ing short-term ﬂooding through the simple measurement of water-extractable P. This provides
a valuable predictive tool for the selection of suitable locations for temporary water storage and
retention. The temperature sensitivity results also show that eutrophication risks can be expected
to be much higher in summer than in winter. Topsoil removal is a commonly used measure in
nature restoration to lower the P availability in the top layer, given that the soil exposed after
topsoil removal usually contains much less P. This also reduces the risk of nutrient release upon
inundation, which will prevent water eutrophication during ﬂooding (Lamers et al., 2006; Smol-
ders et al., 2008; Emsens et al., 2015). However, our results show that prior to topsoil removal
it is important to determine P concentrations along the soil proﬁle to establish whether this is
necessary, and how much soil should be excavated.
Conclusions
• For a wide range of soils, water-extractable P is the best predictor of P mobilization rates
during temporary ﬂooding; 86.9% of the variation in P mobilization rates could be ex-
plained by this variable. In addition, Fe also plays an important role in the process of P
mobilization during short-term ﬂooding.
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• Release rates were found to be temperature sensitive. The average Q10 of soil P mobiliza-
tion rates was 2.8, which can be included in predictions based on diﬀerences in seasonal
hydrology, but its variation around the average could not be explained by any of the soil
characteristics measured.
• Depth proﬁles provide information whether topsoil removal is a feasible or necessary option
to prevent high P mobilization rates.
• Water-extractable P is shown to be a widely applicable, cost-eﬀective and simple tool to
predict P mobilization rates during short-term ﬂooding, which can greatly assist water
managers during their decision-making processes concerning the optimal location for the
construction of water storage areas, the restoration of riparian wetlands, and the combina-
tional use of diﬀerent ecosystem services in climate-adaptive water and naturemanagement.
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Supplementary information
Supplementary Table 2.1 Coordinates of sampling locations in the Netherlands.
code latitude longitude area soil type
1 51590N 4400E
Zuidplas
peat
2 51590N 4370E
3 51590N 4380E
4 51590N 4380E
5 51590N 4390E
6 52250N 4590E
Burkmeer7 52250N 4590E
8 52250N 4590E
9 52270N 4550E
Ilperveld
10 52270N 4550E
11 52260N 4550E
12 52260N 4560E
13 52310N 4480E
Wormer-Jisperveld
14 52310N 4480E
15 52310N 4490E
16 52310N 4500E
17 52070N 6280E
Stelkampsveld
sand
18 52060N 6280E
19 52040N 6210E
Hallerlaak
20 52040N 6210E
21 52040N 6220E
22 52040N 6220E
23 52040N 6220E
Supplementary Table 2.2 Soil characteristics and P mobilization rates of peat and sand soils in
the experiment. Pwater represents water-extractable P; OM represents organic matter content.
Code Depth
Pwater (umol
L 1 FW)
OM (g
L 1 FW)
Fe/Ptotal
(mol
mol 1)
Polsen (umol
L 1 FW)
Fe/Poxalate
(mol
mol 1)
PO4 mobilization
rates (mol
m 2 d 1)
18C 8C
1 top 18.16 217.99 7.54 1159.54 10.89 5.42 n.a.
deeper 9.02 223.27 9.72 736.94 18.30 1.32 0.53
2 top 35.80 229.75 3.03 2757.71 3.69 19.12 19.86
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deeper 5.56 176.63 4.92 980.99 5.72 8.27 4.14
3 top 5.15 116.67 10.10 2107.82 8.79 3.50 0.71
deeper 4.19 146.31 15.92 967.56 12.21 1.12 1.21
4 top 3.569 197.12 6.04 1482.36 8.80 1.69 0.91
deeper 4.33 188.67 6.63 1049.95 7.73 1.39 0.71
5 top 29.05 176.63 4.46 3055.34 3.29 16.29 8.37
deeper 20.86 192.23 5.12 1684.54 4.43 7.13 2.61
6 top 71.43 249.15 3.46 1156.00 8.59 n.d. n.d.
deeper 80.67 162.25 3.54 298.60 15.33 37.68 21.13
7 top 6.86 215.12 8.97 1491.61 12.30 n.d. n.d.
deeper 6.45 168.56 10.53 304.00 20.97 1.60 0.80
8 top 2.02 241.07 7.99 426.05 21.77 0.94 0.77
deeper 4.16 146.13 7.43 105.85 40.61 0.63 0.51
9 top 12.58 189.97 5.07 477.09 10.14 0.48 0.53
deeper 1.02 126.11 15.22 78.31 35.60 1.34 0.55
10 top 2.74 186.87 5.27 275.18 20.77 1.36 1.54
deeper 1.65 113.67 13.50 48.44 50.58 0.39 0.53
11 top 2.71 196.83 6.35 248.80 10.70 0.59 1.27
deeper 2.12 81.79 3.45 30.59 30.14 0.48 1.10
12 top 3.25 157.32 8.18 72.30 35.45 0.55 0.43
deeper 2.73 91.13 11.15 24.52 155.33 0.38 0.58
13 top 3.85 208.06 6.51 536.19 9.08 1.19 n.a.
deeper 2.99 127.07 3.90 62.43 38.38 0.65 0.32
14 top 11.81 195.96 6.67 916.66 7.19 0.68 n.a.
deeper 13.56 186.44 5.38 564.22 6.05 1.16 0.73
15 top 7.74 194.25 5.95 754.11 7.01 1.61 0.90
deeper 3.88 132.69 9.96 90.76 15.73 0.55 0.77
16 top 4.14 173.01 7.77 700.23 9.65 1.02 0.03
deeper 4.16 152.60 15.86 91.11 31.54 0.42 0.40
17 top 10.14 98.63 5.39 2027.72 6.93 3.46 0.37
deeper 20.80 56.20 4.19 2305.54 2.86 6.79 3.96
18 top 4.80 62.92 7.59 3537.90 5.33 0.72 1.55
deeper 3.00 25.80 31.17 1016.53 12.56 2.60 1.30
19 top 10.83 76.36 16.39 1907.76 5.86 3.09 2.30
deeper 14.75 92.72 18.45 2077.57 5.87 3.68 1.51
20 top 17.91 59.10 17.99 2676.02 7.89 3.23 1.31
deeper 9.35 37.30 18.79 1254.63 6.01 6.30 1.93
21 top 20.63 98.50 11.51 2413.87 5.01 7.24 3.05
deeper 7.00 119.00 32.47 1291.99 13.98 1.82 1.02
22 top 258.15 77.04 1.06 4452.04 1.11 41.28 27.73
deeper 269.46 49.85 0.75 4627.16 0.44 20.35 9.21
23 top 4.90 127.52 14.11 1134.34 16.20 1.11 0.60
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deeper 1.22 35.31 14.06 925.02 10.44 1.70 0.44
Note that n.a. means not available; n.d. means not determined because soil became buoyant.
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Abstract
The sequestration of nutrients from surface waters by aquatic macrophytes and soils provides an
important service of both natural and constructed wetlands. While emergent species take up
nutrients from the soil, submerged and ﬂoating macrophytes ﬁlter nutrients directly from the
surface water, which may be more eﬃcient in constructed wetlands. It remains unclear, however,
whether their eﬃciency is suﬃcient for wastewater puriﬁcation, and how plant species and nu-
trient loading aﬀects nutrient distribution over plants, water, and soil. We therefore determined
nutrient removal eﬃciencies of diﬀerent vegetation (Azolla ﬁliculoides, Ceratophyllum demersum
orMyriophyllum spicatum) and soil types (clay, peaty clay and peat) at three nutrient input rates,
in a full factorial, outdoor mesocosm experiment. At low loading (0.43 mg P m 2 d 1), plant
uptake was the main pathway (100%) for phosphorus (P) removal, while soils showed a net P
release. A. ﬁliculoides andM. spicatum showed the highest biomass production and could be har-
vested regularly for nutrient recycling, whereas C. demersum was outcompeted by spontaneously
developingmacrophytes and algae. Higher nutrient loading only stimulatedA. ﬁliculoides growth.
At higher rates ( 21.4 mg P m 2 d 1) 50–90% of added P ended up in soils, with peat soils
becoming more easily saturated. For nitrogen (N), 45–90% was either taken up by the soil or
lost to the atmosphere at loadings  62 mg N m 2 d 1. This shows that aquatic macrophytes
can indeed function as an eﬃcient nutrient ﬁlter, but only for low loading rates (polishing), not
for high rates (puriﬁcation). The outcome of this controlled study not only contributes to our
understanding of nutrient dynamics in constructed wetlands, but also shows the importance of
wetland soil characteristics. Furthermore, the acquired knowledge may beneﬁt the application
of macrophyte harvesting to remove and recycle nutrients from both constructed wetlands and
nutrient-loaded natural wetlands.
Nutrient loads determining nutrient removal eﬃciency of aquatic macrophytes
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Introduction
Excess loading of phosphorus (P) and nitrogen (N) from domestic, agricultural and industrial
wastewaters is the main cause of eutrophication of aquatic ecosystems, damaging their ecological
quality and functioning (Kronvang et al., 2005; Kantawanichkul et al., 2009). Surface water
eutrophication can lead to algal and cyanobacterial blooms, die-oﬀ of indigenous vegetation and
serious decrease in biodiversity (Pretty et al., 2003; Conley et al., 2009). In recent decades, wet-
lands have been constructed tomitigate eutrophication of watercourses, lakes and seas by reducing
the nutrient loads in discharge water of wastewater treatment plants, farmlands, households or
industries (Brix & Arias, 2005; Mitsch et al., 2005).
Constructed wetland systems (CWS) use macrophytes (free surface ﬂow systems) or a combina-
tion of macrophytes and soil (subsurface ﬂow systems), to remove nutrients from the water (Lin et
al., 2003). These systems are either used as stand-alone water puriﬁcation systems (Vrhovšek et al.,
1996; Jing et al., 2001) or as a polishing method of pre-treated wastewater (Kaseva, 2004; Green-
way, 2005). The most commonly used macrophyte species are emergent genera such as Typha,
Phragmites, Scirpus, Phalaris and Iris (Vymazal, 2011). Advantages of CWS include utilization of
natural processes, low cost and energy requirements, and easy operation and maintenance (Brix,
1999; Konnerup et al., 2009). As a result of low maintenance, however, these systems easily
become saturated, especially with P, and therefore only work eﬃciently for a limited amount of
time (Drizo et al., 2002).
Although much research has focused on the optimal design of CWS with respect to the most
eﬃcient macrophyte species (Lin et al., 2002; Scholz & Xu, 2002), only few have investigated
the possibility of using ﬂoating or submerged aquatic macrophytes in treatment systems. While
helophytes mainly take up nutrients from the soil, ﬂoating and submerged aquatic macrophytes,
such as Azolla spp. orMyriophyllum spp., can also take up nutrients from the water layer (Best &
Mantai, 1978; Van Kempen et al., 2012). By regularly harvesting these plants, nutrients may be
drained from the system. The aquatic biomass can then be used in various bio-based applications,
for instance, as a bio-fertilizer or as fodder for livestock (Hauck, 1978).
There is a suite of mechanisms involved in the processes of nutrient removal and recovery in natu-
ral and constructed wetlands, including adsorption, precipitation, plant absorption, volatilization,
and microbial processes such as iron oxidation, nitriﬁcation, DNRA (dissimilatory nitrate reduc-
tion to ammonium) and anammox (anaerobic ammonium oxidation) (Van Loosdrecht & Jetten,
1998; Van Dongen et al., 2001; Kadlec & Wallace, 2008; Wu et al., 2014). These mechanisms
are generally aﬀected by factors such as nutrient loading, plant species and soil characteristics
(Gale et al., 1994; Tanner, 1996; Jampeetong et al., 2012). So far, most studies have focused
on the eﬀects of only one or two of these factors on nutrient retention in wetlands, whereas little
information is available on interactions among plant species, soil type and nutrient loading. Only
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by including all interactions, however, can nutrient sequestration eﬃciency of wetland plants and
soils under diﬀerent loads be assessed.
Here, we studied the eﬀects of plant species, nutrient loading and soil type on nutrient uptake rates
of aquatic macrophytes and nutrient retention rates of soils. Using a full-factorial outdoor meso-
cosm experiment, we studied the nutrient uptake rates of three diﬀerent aquatic macrophytes,
Azolla ﬁliculoides, Ceratophyllum demersum and Myriophyllum spicatum, growing on peat, peaty
clay or clay soils. Three diﬀerent, environmentally relevant, nutrient loadings of P (0.43, 21.4 and
85.7 mg P m 2 d 1) and N (1.3, 62 and 249 mg N m 2 d 1) were applied to the mesocosms,
representing pre-treated (low nutrient loading), and eutrophic and hypertrophic wastewater input
(medium and high nutrient loading). By studying the resulting distribution of P and N among
the diﬀerent soil, macrophyte and water compartments, we aimed to determine whether nutrient
removal by ﬂoating or submerged aquatic macrophytes may be an eﬃcient approach for polishing
or purifying wastewater.
Materials andmethods
Experimental set-up
Twenty-seven mesocosms (185 cmØ, 90 cm depth) were sunk into the ground outside the green-
house facility at Radboud University (Nijmegen, The Netherlands). All mesocosms were ﬁlled
with 20 cm (135 L) of clay (originating from Lalleweer, 53160N, 6590E; n = 9), peaty clay
(originating from De Deelen, 53010N, 5550E; n = 9) or peat (originating from Ilperveld,
52270N, 4560E; n = 9), after which they received a layer of 50 cm of Nijmegen tap water.
Soil characteristics are displayed in Table 3.1, expressed per unit volume to enable comparison
among soil types with respect to nutrient exchange and plant nutrient availability. In all meso-
cosms, crossed transparent carbon ﬁber plates were used to create four fully isolated quarters. We
did not include non-vegetated treatments because: 1) our focus was on complete ecosystems in
constructed and natural wetlands, i.e. including soil and vegetation; 2) bare soils always show
spontaneous vegetation development if light and nutrient conditions suﬃce (see section Plant
measurements); 3) continuous plant removal would lead to signiﬁcant soil disturbance; and 4)
dark conditions would aﬀect soil biogeochemistry. Mesocosms were randomly assigned to “low”,
“medium” or “high” nutrient loading treatment (n = 3 for all). To create these, treatment solu-
tions were added three times a week to enable loading rates of 0.43, 21.4 and 85.7 mg P m 2 d 1
(added as NaH2 PO4.H2O and atmospheric deposition of 0.1 kg P ha 1 y 1) (Furnas, 2003)
and 1.3, 62 and 249 mg N m 2 d 1 (added as NH4 NO3 and atmospheric N deposition of 20
kg N ha 1 y 1 in this part of the Netherlands; TNO) (De Leeuw et al., 2001). In the results
and discussion sections, treatments will be called 0.43 (low), 21.4 (medium) and 85.7 (high) mg
P m 2 d 1, according to their respective P loading.
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Table 3.1. Soil characteristics of peat, peaty clay and clay soils used in the experiment ( SE; n = 36). pH and Total
inorganic carbon (TIC) are derived from porewater analyses, whereas all other analyses were performed using fresh or dry
soil (see Sect. Chemical analyses).
Soil
Bulk
density (kg
DW.L-1
FW)
Organic
matter
%
pH
TIC
(mol
L-1)
Salt extractable
N (NO 3 +
NH+4 ) (mol
L-1 FW)
Olsen-P
(umol L-1
FW)
Total-P
(mmol
L-1
FW)
Total-Fe
(mmol
L-1
FW)
Total-Al
(mmol L-1
FW)
Total-Ca
(mmol L-1
FW)
Peat
0.15
(0.00)C
43.73
(0.80)A
7.20
(0.02)A
8825.84
(120.36)A
551.72
(58.71)B
269.41
(13.16)B
4.98
(0.19)B
47.15
(0.92)B
55.43
(1.80)B
65.05
(1.06)B
Peaty
clay
0.23
(0.01)B
34.39
(1.63)B
6.92
(0.03)B
5892.89
(240.56)B
494.11
(70.17)B
153.90
(13.98)C
3.39
(0.19)C
58.72
(4.32)B
67.84
(5.37)B
62.14
(5.02)B
Clay
1.00
(0.01)A
5.07
(0.24)C
7.18
(0.04)A
10189.53
(537.67)A
1063.66
(123.98)A
1104.48
(18.69)A
22.25
(0.41)A
402.74
(5.26)A
438.77
(8.05)A
101.85
(1.31)A
Signiﬁcant diﬀerences among soil types are indicated by diﬀerent capital letters (A, B and C).
Plant measurements
In July 2013, environmentally relevant densities (based on personal ﬁeld observations) of Cer-
atophyllum demersum (5.03  0.24 g DW m 2; rigid hornwort, submerged macrophyte), Chara
hispida (8.66  0.69 g DW m 2; bristly stonewort, submerged macroalga) and Myriophyllum
spicatum (5.31 0.60 g DWm 2; Eurasian water-milfoil, submerged macrophyte) were planted
randomly in each of three quarters of every mesocosm to establish. In April 2014, patches of
Azolla ﬁliculoides (28.39  0.88 g DW m 2; water fern, ﬂoating macrophyte) were added to
the water layer of the remaining quarter. Apart from these four introduced species, other species
colonized the quarters, including Zanichellia spp. and ﬂoating algae. During the experimental
period, 20% of the total plant biomass was harvested when vegetation reached 100% cover to
avoid space limitation. During the ﬁnal harvest, biomass of all present species was harvested sep-
arately and dried (48 h at 60C), after which they were weighed, ground and homogenized. As C.
hispida was completely outcompeted by spontaneously developing vegetation, the quarters with
this species were excluded from the results.
Chemical analyses
Surface water samples were collected every week between May and October 2014, whereas pore
water samples were collected anaerobically every month using ceramic soil moisture cups (SMS
rhizons, Eijkelkamp, Giesbeek, Netherlands). pH of water samples was measured using a com-
bined Ag/AgCl electrode (Orion,Thermo Fisher Scientiﬁc,Waltham,MA,U.S.A.) with a TIM840
pHmeter (Radiometer Analytical, Lyon, France). Total inorganic carbon (TIC) of water samples
was measured using an Infra-red Gas Analyzer (IRGA; ABB Analytical, Frankfurt, Germany).
Concentrations of PO3 4 , NO
 
3 and NH
+
4 in the surface water and pore water were measured
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colorimetrically on an Auto-Analyzer III system (Bran & Luebbe, Norderstedt, Germany) by us-
ing ammonium molybdate (Henriksen, 1965), hydrazine sulphate (Kamphake et al., 1967) and
salicylate (Grasshoﬀ & Johannsen, 1972), respectively. Concentrations of total Al, Fe, Ca, and
P were measured by inductively coupled plasma-optical emission spectrometry (ICP-OES; IRIS
Intrepid II, Thermo Fisher Scientiﬁc, Franklin, MA, U.S.A.).
Soil samples were collected at the end of the experiment, and subsequently volume weighted
and dried for 48 h at 60C to determine bulk density. Dry soil samples were heated for 4 h at
550C and re-weighed to determine organic matter content. Furthermore, 200mg of dry soil was
digested in a microwave oven (MLS-1200 Mega, Milestone Inc., Sorisole, Italy) with 4 mL 65%
HNO3 and 1 mL 30% H2O2, after which digestates were analyzed by ICP-OES (see above).
Plant available P was determined by extraction according to Olsen et al. (1954), whereas an
NaCl-extraction was performed to determine exchangeable N ions (NO 3 + NH
+
4 ) as described
in Tomassen et al. (2004). Total P concentrations in plants were determined by digestion of
200 mg of dry plant material and analyzed as described above. Furthermore, 3 mg of dry plant
material was combusted to determine C and N content using an elemental analyzer (Carlo Erba
NA 1500, Thermo Fisher Scientiﬁc, Waltham, MA, USA).
Budget calculations
For both N and P, nutrient budgets were calculated to determine the distribution among biomass,
soil and other components. Cumulative biomass production and nutrient content of submerged
or ﬂoating macrophytes (target species and others) were used to calculate plant uptake rates of
N and P. Furthermore, nutrient changes in surface water and pore water were calculated from
changes of N (NO 3 and NH
+
4 ) and P concentrations (end minus start). After subtracting the
N and P uptake of plants and water components from the external loading, we assume that the
remainder is either stored in the soil or, in case of N, lost through denitriﬁcation or anammox.
Statistical Analyses
All analyses were performed using the software program R (version 3.2.1; R development Core
Team, 2015). The eﬀects were considered signiﬁcant if P < 0:05 . In order to meet the assump-
tion that residuals ﬁt a normal distribution and homogeneity of variance, we transformed soil
characteristics, N (NO 3 and NH
+
4 ) and P concentrations in surface water, biomass production
rates, N: P ratios in macrophytes, N and P budgets and N and P sequestration rates (response
variables) by log (response variable) or log (response variable + 1) in case the lowest value of a
variable was below one. Linear mixed models were used to test the main eﬀects and interactions
of treatments on soil characteristics, biomass production rates, the ratios between N and P, N
(NO 3 and NH
+
4 ) and P concentrations in surface water (except for treatments also including
time as a main eﬀect in this model), and nutrient budgets with mesocosm number as a random
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eﬀect, by using R package nlme. Tukey tests were used to ﬁnd diﬀerences between treatments by
using R package multcomp. We analyzed the inﬂuence of nutrient loadings on P and N seques-
tration rates using linear and logistic regression models. All graphs were plotted using R package
ggplot2.
Results
Surface water and pore water quality
Over time, surface water P and N (NH+4 + NO
 
3 ) concentrations increased (Figs. 3.1 and 3.2;
X2 = 4.26; P < 0.05 and X2 = 35.61; P < 0.000 for P and N respectively), especially towards
the end of the growing season. When macrophytes were growing on peat or peaty clay soils, P
concentrations in the surface water increased with increasing external P loading (X2 = 115.87;
P < 0.000 and X2 = 88.94; P < 0.000 for peat and peaty clay soils respectively).
Porewater nutrient concentrations depended on soil type. Peat soils had the highest P concen-
trations in the pore water, whereas the lowest were found in clay soils (X2 = 12.07; P < 0.01;
data not shown) even though their total P and Olsen P concentrations were much higher than
for the other two soils (Table 3.1). In addition, mesocosms ﬁlled with peat soils had higher N
concentrations in the pore water than those with peaty clay and clay (X2 = 7.13; P < 0.05; data
not shown). Surface water and porewater together never contained more than 12% of total P and
N added to the system at P loadings  21.4 mg P m 2 d 1 (Figs. 3.4 and 3.5).
Macrophyte productivity and nutrient ratio
Due to their high biomass production rates, A. ﬁliculoides and M. spicatum could be harvested
weekly and biweekly, respectively. A. ﬁliculoides had the highest biomass production rates of all
three macrophyte species (X2 = 55.45, P < 0.000), whereasC. demersum grew best on peaty clay
soils (X2 = 10.67, P < 0.01), but almost disappeared when growing on clay and peat soils due
to competition with algae and other non-target species (Fig. 3.3). Biomass production rates of A.
ﬁliculoides were signiﬁcantly higher at high nutrient loading than at low nutrient loading (X2 =
11.39, P < 0.01), whereas no eﬀect of nutrient loading was found for the other macrophytes.
In quarters with C. demersum there was a higher production rate of non-target species than in
quarters with A. ﬁliculoides andM. spicatum (X2 = 6.28, P < 0.05). A. ﬁliculoides showed high
N: P ratios (> 24 mol mol 1) when grown at  21.4 mg P m 2 y 1 (P < 0.000), whereas all
other species generally showed N: P ratios ranging from 8 to 17 mol mol 1, without an eﬀect of
soil type (Table 3.2).
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Figure 3.1. Surface water TP concentrations subjected to diﬀerent nutrient loadings (L = 0.43 mg P m 2 d 1; M =
21.4 mg P m 2 d 1; H = 85.7 mg P m 2 d 1) in mesocosms with diﬀerent plant species (vertical panels) on clay,
peaty clay or peat soils (horizontal panels) during the experiment. Average TP concentrations are given with SEM. Note
the log10 scale for the y-axis.
Plant nutrient uptake
A. ﬁliculoides and M. spicatum accumulated much more P than C. demersum (X2 = 23.66, P <
0.000; Fig. 3.4). At a P loading of 0.43 mg m 2 d 1 around 100% of added P and N were
accumulated by the targeted macrophytes (Figs. 3.4 and 3.5). For the quarters with A. ﬁliculoides
andM. spicatum, around 20–40% and 10–20% of the P added was taken up by target species at
P loadings of 21.4 and 85.7 mg m 2 d 1, respectively, regardless of soil types. C. demersum, on
the other hand, never took up more than 20% of the P added at these loadings. Still, at a loading
of 85.7 mg P m 2 d 1, removal rates by macrophytes were signiﬁcantly higher than at 0.43 mg
P m 2 d 1 (X2 = 7.22, P < 0.05; Fig. 3.4). The average P sequestration rates by A. ﬁliculoides
andM. spicatum were 3 to 9 mg m 2 d 1 at P loadings 21.4 mg m 2 d 1. At a high P loading
of 85.7 mg m 2 d 1, the average P removal rates by A. ﬁliculoides andM. spicatum were 16 to 20
and 6 to 14 mg m 2 d 1, respectively. In addition, C. demersum had higher P and N uptake rates
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Figure 3.2. Surface water N (NH+4 +NO
 
3 ) concentrations subjected to diﬀerent nutrient loadings (L= 0.43mg Pm
 2
d 1; M= 21.4 mg P m 2 d 1; H= 85.7 mg P m 2 d 1) in mesocosms with diﬀerent plant species (vertical panels)
on clay, peaty clay or peat soils (horizontal panels) during the experiment. Average N (NH+4 +NO
 
3 ) concentrations are
given with SEM. Note the log10 scale for the y-axis.
in mesocosms with peaty clay compared to mesocosms with clay (X2 = 10.50, P < 0.01; X2 =
10.43, P < 0.01). In quarters with C. demersum, more P was taken up by other, spontaneously
developing species than in quarters with A. ﬁliculoides and M. spicatum (X2 = 6.89, P < 0.05).
In addition, these non-target plants in C. demersum quarters had lower P uptake rates on peaty
clay than on peat and clay soils (X2 = 6.92, P < 0.05). A. ﬁliculoides andM. spicatum absorbed
much more N than C. demersum and the ﬁnal biomass of A. ﬁliculoides had the highest N content
(including N2 ﬁxed) among all macrophyte species (X2 = 10.28, P < 0.01; Fig. 3.5). At high
N loadings, less than 21 % of added N was removed by the targeted macrophytes.
Mobilization and adsorption of nutrients by the soil
At a P loading of 0.43 mg m 2 d 1, soils were sources of P, whereas soils became P sinks at P
loading  21.4 mg m 2 d 1 (Fig. 3.4). On average, 50 to 80% and 70 to 90% of P added
accumulated in soils at medium and high nutrient loadings, respectively (Fig. 3.4). In quarters
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Figure 3.3. Biomass production rates (in g DW m 2 d 1) of A. ﬁliculoides (a), C. demersum (b), M. spicatum (c) and
other, non-target plants (e.g. ﬂoating algae, Zanichellia spp and other plants) grown on diﬀerent soil types and subjected
to diﬀerent nutrient loadings (L = 0.43 mg P m 2 d 1; M = 21.4 mg P m 2 d 1; H = 85.7 mg P m 2 d 1).
Average biomass production rates of target species (-SEM) and other plants (+ SEM) are given.
with C. demersum, more P accumulated in the soil than in quarters with A. ﬁliculoides (X2 =
11.25, P < 0.01). As P loading increased, more P accumulated in the soils (X2 = 566.40, P <
0.000). At medium and high N loads, 45 to 90% and 80 to 90%, respectively, was either taken
up by the soil or lost to the atmosphere through denitriﬁcation/anammox.
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Table 3.2. Plant tissue ratios between N and P for diﬀerent macrophytes subjected to diﬀerent nutrient loadings (0.43,
21.4 and 85.7 mg P m 2 d 1) at the end of the experiment. Average N: P ratios of target species are given with standard
error.
Species Soil type
N: P (mol: mol)
0.43 21.4 85.7
A. ﬁliculoides Clay 34.77 ( 1.03)a 42.88 ( 4.12)a 17.87 ( 1.28)b
Peaty clay 49.21 ( 3.66)a 24.10 ( 0.64)b 11.23 ( 0.32)c
Peat 41.94 ( 0.23)a 24.17 ( 1.95)b 12.84 ( 0.75)c
C. demersum Clay 8.92 ( 1.36) 9.16 ( 1.12) NA
Peaty clay 9.33 ( 0.97) 9.04 ( 1.59) 8.04 ( 0.84)
Peat 16.95 ( 4.29)a 9.43 ( 0.69)ab 7.52 ( 0.93)b
M. spicatum Clay 10.43 ( 1.39) 9.80 ( 0.53) 9.22 ( 1.92)
Peaty clay 13.31 ( 1.80)a 10.24 ( 0.56)ab 8.40 ( 0.74)b
Peat 10.14 ( 1.18) 9.66 ( 0.38) 8.34 ( 0.78)
Signiﬁcant diﬀerences among diﬀerent nutrient loadings are indicted by diﬀerent lower case letters (a, b
and c); there were no signiﬁcant diﬀerences among soil types. Note that NA means that there were no
replicates for this treatment.
Discussion
In our mesocosm experiment, we show that at low nutrient input ( 0.43 mg Pm 2 d 1), 100%
of external loading could be removed through macrophyte uptake, whereas with loadings 21.4
mg P m 2 d 1, 50 to 90% of added P ended up in soils. Diﬀerences exist, however, between
binding abilities of soils, with clay soils being able to immobilise P better than peaty clay or peat
soils. Apart from P, macrophytes were able to remove no more than 65% and 21% of added N
at loadings of 62 mg m 2 d 1 and 249 mg m 2 d 1, respectively, while the remaining N was
either stored in the soil or lost to the atmosphere through denitriﬁcation and/or anammox.
Growthandnutrientuptakeofmacrophyte species in constructedwet-
lands
With average biomass production rates of 3.4 and 1.0 g DWm 2 d 1, respectively, A. ﬁliculoides
andM. spicatum showed the highest growth rates and therefore the best potential for being used to
remove nutrients in constructed wetlands. Due to their high growth rates, these species could be
harvested biweekly or even weekly. C. demersum, on the other hand, appeared to be less suitable,
since this species was readily outcompeted by other species, such as ﬂoating algae and Zanichellia
spp. P was removed most eﬃciently by A. ﬁliculoides, followed byM. spicatum and C. demersum.
Although a high P load (85.7 mg m 2 d 1) resulted in increased uptake rates of 6 to 14 and
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Figure 3.4. P budgets of soil, surface water, pore water, target species and other plants subjected to diﬀerent nutrient
loadings (L = 0.43 mg P m 2 d 1; M = 21.4 mg P m 2 d 1; H = 85.7 mg P m 2 d 1) for (a) A. ﬁliculoides, (b)
C. demersum, and (c) M. spicatum. Standard errors are given only for soil and target species. PW = pore water, SW =
surface water. Positive values represent P accumulation in relative parts; negative values represent P release from respective
compartments.
even 16 to 20 mg P m 2 d 1 forM. spicatum and A. ﬁliculoides, respectively, these rates were not
suﬃcient to eﬃciently ﬁlter all added P from the system.
For C. demersum, nutrient sequestration rates increased linearly with increased nutrient loading,
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Figure 3.5. N distribution in surface water, pore water, target species and other plants subjected to diﬀerent nutrient
loadings (L = 0.43 mg P m 2 d 1; M = 21.4 mg P m 2 d 1; H = 85.7 mg P m 2 d 1) from (a) A. ﬁliculoides,
(b) C. demersum and (c) M. spicatum macrophyte systems. Standard errors are given only for target plants. PW = pore
water, SW= surface water. Positive values represent N accumulation in relative parts; negative values represent N release
from respective compartments. The lowest, medium and highest dashed lines represent external N input at low, medium
and high N loadings (including actual atmospheric N deposition), respectively.
while for M. spicatum there was a logistic response to external nutrient loading (Fig. 3.6). A.
ﬁliculoides showed linearly increasing P sequestration rates upon increased P loading and a logistic
response to external N loading. These diﬀerent response types between species most likely resulted
from diﬀerences in main nutrient sources and nutrient limitation. For rootedM. spicatum, plants
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Figure 3.6. The correlations between external loading and nutrient sequestration rates of P (a) and N (b) by three diﬀerent
aquatic plant species. Standard errors and 1:1 line are given. Note that for A. ﬁliculoides N2 ﬁxation is included in the
sequestration rates, overestimating the eﬀects of loading.
mainly rely on soil uptake (Best & Mantai, 1978; Barko & Smart, 1980; Carignan & Kalﬀ,
1980), whereas for non-rooted A. ﬁliculoides and C. demersum water is the main nutrient source
(Denny, 1987; Mjelde & Faafeng, 1997). Our results indicate that at loads 22 mg P m 2 d 1,
M. spicatum is the most eﬃcient P remover, whereas at loads 22mg Pm 2 d 1, A. ﬁliculoides is
more eﬃcient (Fig. 3.6a). In addition, the eﬀective thresholds for P puriﬁcation (100% removal)
of C. demersum, A. ﬁliculoides, andM. spicatum are 1.9, 4.8 and 6.8 mg P m 2 d 1, respectively
(Fig 3.6a). Threshold values for complete N removal are 8.6 and 31.4 mg N m 2 d 1 for C.
demersum andM. spicatum, respectively (Fig. 3.6b). A. ﬁliculoides, on the other hand, hardly ever
becomes N limited due to its symbiosis with a diazotrophic microbial community (Handley &
Raven, 1992). Under low external P loadings, A. ﬁliculoides therefore displayed very high N: P
ratios indicating P limitation at P loadings  21.4 mg P m 2 d 1. C. demersum, on the other
hand, having no access to soil or atmospheric N, probably showed N limitation in these systems,
as indicated by their low N: P ratios. For all species, N: P ratios decreased with increasing P load.
Using aquatic macrophytes for polishing of pre-treated wastewater
Due to regular harvesting of A. ﬁliculoides and M. spicatum, P and N were removed at rates of
around 3 to 9 mg P m 2 d 1 and 31 mg N m 2 d 1 at loadings of 0.43 mg P m 2 d 1 and
1.3 mg N m 2 d 1. These results are comparable to those found by Van Kempen (2013) who
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found uptake rates of 3.7 mg P m 2 d 1 (13.4 kg ha 1 year 1) and 13.7 mg N m 2 d 1 (50
kg ha 1 year 1) in summer, and 4.8 mg P m 2 d 1 (17.5 kg ha 1 year 1) and 69.3 mg N
m 2 d 1 (253 kg ha 1 year 1) in early fall for A. ﬁliculoides grown in N-free water with 25
mol L 1 PO4. For M. spicatum, our results are in the same range as those reported by Smith
and Adams (1986) and N uptake rates of 0.05–1.26 g N m 2 d 1 by Myriophyllum aquaticum
reported by Nuttall (1985). Due to lowering of the O2 concentration in the water layer, similar
to other ﬂoating or densely growing submerged macrophytes (Caraco et al., 2006), these plants
not only take up all P being discharged into the system, but additionally mobilize and take up P
from the soil by their roots and the creation of anaerobic conditions (Wetzel, 2001).
Since uptake of nutrients by aquatic macrophytes depends on their biomass production and thus
on macrophyte photosynthesis, these systems would only function optimally during the growing
season. Under low external loading, soils will take up most of the P during winter, which can
subsequently be mobilised and taken up by macrophytes in summer, creating an eﬃcient and
sustainable constructed wetland for water polishing in temperate climates.
Using aquatic macrophytes for wastewater purification
When P loading in the treatment water increases, uptake rates of A. ﬁliculoides double or even
triple, to rates around 6-24 mg P m 2 d 1. The highest value is comparable to results of Reddy
and DeBusk (1985), who reported P uptake rates of 43  15 mg P m 2 d 1 by A. ﬁliculoides
grown in an N-free, 3 mg L 1 PO3 4 -medium. Although plants could not take up all P at
medium or high external P loadings, overall surface water quality remained around or below 12
mol L 1 when clay sediments were used for the construction of the wetland. At the end of
the growing season, however, plant uptake decreased and P availability in surface waters above
peaty clay and peat soils increased strongly to concentrations around 60 and 72 mol P L 1,
respectively, indicating not only inactivity of aquatic macrophytes but probably also P saturation
of soils. Due to the 7–8 times higher Fe and Al contents (400 vs. 50–60 mmol L 1 FW, 450 vs.
60-70 mmol L 1 FW for Fe and Al, respectively) of clay soils, P was most probably immobilized
more eﬃciently by clay (Reddy & DeLaune, 2008), which resulted in lower P concentrations in
surface water above clay soils.
More than 98% of added N was removed from the surface water during the run of the experi-
ment. As nutrient loading increased, the amount of added N that was removed by plant uptake
decreased. Harvested biomass of target plants contained 31 mg N m 2 d 1 for M. spicatum,
whereas in the quarters with C. demersum, non-target macrophytes or algae absorbed most N.
For A. ﬁliculoides it was diﬃcult to calculate N removal rates due to unknown N2 ﬁxation rates
leading to an overestimation of N uptake rates byA. ﬁliculoides. N that was not taken up by plants,
but was still removed from the water layer most likely ended up in the soil or was released to the
atmosphere by denitriﬁcation and/or anammox (Hao et al., 2002; Van Der Star et al., 2007). On
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average, inorganic N (NH+4 +NO
 
3 ) concentrations in the surface water were below 8 mol L
 1
with external loadings  62 mg N m 2 d 1 and around 20 mol L 1 when receiving 249 mg
N m 2 d 1. At the end of the growing season, N concentrations increased under high nutrient
loading, similar to P, suggesting nutrient leaching from senescing plants is more important than
soil saturation.
Implications for management
We showed that in macrophytes-dominated CWS, submerged or ﬂoating macrophytes are able to
remove most of the added nutrients at low P and N loadings, whereas at higher nutrient loadings,
ﬂoating or submerged macrophytes can only remove 20–45% and 10–25% of the external P loads
for 21.4 and 85.7 mg Pm 2 d 1, respectively. For water management, using fast growing aquatic
macrophytes, such as A. ﬁlliculoides or M. spicatum regular mowing allows complete removal of
added nutrients at relatively low nutrient loading ( 4.8 mg Pm 2 d 1 or 6.8 mg Pm 2 d 1,
respectively). Although A. ﬁliculoides still extracted P and competed with soil adsorption at higher
P loads ( 21.4 mg P m 2 d 1), most external P ended up in the soil, eventually resulting in
saturation. While aquatic macrophytes are able to remove this P from the soils by either creating
anaerobic conditions or through root uptake, the external load will have to be reduced for this
process to occur eﬃciently. Consequently, at these higher P and N loads, the macrophyte stage
can only be used as an additional polishing step after a major part of the nutrients have been
removed by other ways of water treatment.
Conclusions
Here, we show that aquatic macrophytes can be used for polishing, but not as a stand-alone
puriﬁcation treatment for nutrient removal from wastewater. At loads  22 mg P m 2 d 1,
M. spicatum is the best option, whereas at loads  22 mg P m 2 d 1, A. ﬁliculoides removes P
more eﬃciently. Furthermore, we have shown that soil type is a previously underestimated factor
inﬂuencing the eﬃciency of nutrient removal and immobilization. Especially at higher P loads,
soils form highly important sinks and the saturation potential of the soil is therefore important.
Clay soils should be preferred, as these take longer to become saturated than more organic soils.
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Abstract
Water hyacinth occurs in numerous tropical and subtropical countries, either as a native or as an
invasive exotic species, where it can establish large and dense mats. The plant is also frequently
used for water puriﬁcation and bioremediation purposes. Although it is a free-ﬂoating species,
the plant roots into the sediment of shallow waters, tapping into the sediment nutrient pool. Its
long and extensive root system strongly increases nutrient absorption, resulting in high growth
rates and concurring high carbon sequestration rates. On the other hand, the plants may also
fuel methane (CH4) production as dense mats may deplete oxygen in the surface water and sedi-
ment below, which in combination with the high production of organic matter creates favorable
conditions for methanogenesis. We hypothesize that water hyacinth vegetation acts as a strong
greenhouse gas (GHG) sink due to its high growth rates, especially when (sediment) nutrient
availability is high. Still, this sink may be counterbalanced by CH4 release, which will be most
pronounced when the plants are rooting in the sediment due to potential CH4 shuttling from
the sediment through the roots and leaves into the atmosphere (chimney eﬀect). To mechanisti-
cally unravel the inﬂuence of water hyacinth on nutrient dynamics and greenhouse gas ﬂuxes, we
performed an aquarium experiment in which plant density and root access to the sediment were
manipulated. Although plant cover led to lower concentrations of dissolved total phosphorus
(DTP) and phosphate, there were no eﬀects of density or rooting. We found no vegetation eﬀect
on the ebullition of CH4, but its diﬀusion was 4.5 times higher at high plant coverage. Root-
ing increased CH4 diﬀusion by 1.3 (high density) and 4 times (low density), demonstrating the
chimney eﬀect that we hypothesized. Independent of rooting, however, water hyacinth at high
density sequestrated less carbon compared to low density, possibly due to space limited growth
and self-shading. Overall, water hyacinth enhanced CH4 emissions, especially when rooted. Due
to water hyacinth’s high CO2 sequestration rates, the overall GHG budget in terms of CO2 equiv-
alents still resulted in water hyacinth mats being near-neutral or even a GHG sink, depending on
water hyacinth density. Our results show that the eﬀect of water hyacinth mats on GHG ﬂuxes
strongly depends on both plant density and contact with the sediment. This indicates that, when
making regional GHG balances, not only plant presence but also its density and water depth –
regulating sediment-root contact – should be taken into account.
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Introduction
Water hyacinth (Eichhornia crassipes) is notorious worldwide because of the problems it poses
to economy, society and ecology when occurring at high densities (Malik, 2007; Villamagna &
Murphy, 2010). Its high tolerance range for environmental conditions including pH, temper-
ature and nutrients (Gutiérrez et al., 2001; Wilson et al., 2005) provides an ample spectrum
of colonization, and explains its wide-spread occurrence around the world. Its fast growth rates
and rapid dispersal through asexual reproduction explains its ability to form large ﬂoating mats
comprising high biomass (Pinto-Coelho & Greco, 1999).
The search for useful end products for this large amount of biomass has resulted in its appliance
as a source for bioenergy production (Chanakya et al., 1993), fodder (Ding et al., 2001), bio-
fertilizer (Zhao et al., 2012), and paper ﬁber (Reddy & Tucker, 1983). Water hyacinth is also
frequently used for water puriﬁcation and bioremediation purposes because of its high nutrient
uptake rates (Aoyama & Nishizaki, 1993; Mandi, 1994; Polprasert & Khatiwada, 1998). Nu-
trient availability strongly determines Eicchornia’s growth rate as well as nutrient allocation (Xie
et al., 2004). Maximum nutrient uptake eﬃciency is typically reached in the early growth stage
(Reddy et al., 1989; 1990), explaining the formation of big mats in a few days (Téllez et al., 2008).
Water hyacinth’s high growth rate results in high carbon dioxide (CO2) uptake at rates of 3.4–
5.4 g C-CO2 m 2 day 1 as reported for tropical lakes (Peixoto et al., 2016). In these lakes, the
vegetation even sets oﬀ open water CO2 emissions, turning the system into CO2 sink. While
water hyacinth growth will decrease CO2 emissions, its presence may simultaneously increase the
emission of methane (CH4) (Banik et al., 1993), having a global warming potential (GWP) of
34 times CO2 over a 100 year time scale (Myhre et al., 2013). Therefore, even relatively low rates
of CH4 emissions could oﬀset the high CO2 assimilation, turning water hyacinth mats into a
greenhouse gas (GHG) source. The high density of water hyacinth suppresses light penetration
and therefore photosynthetic activity in the water below. In combination with reduced O2 dif-
fusion from the atmosphere into the water by its cover, this can result in anaerobic conditions
below the plant mat (Reddy & DeBusk, 1991). Research performed in ditches and tanks showed
that the combination of decreasing O2 concentrations and high organic matter production by
water hyacinth favors CH4 emission. This eﬀect was strongest after multiple years, probably due
to organic matter accumulation (Banik et al., 1993).
Aquatic plants rooting in the sediment tend to enhance CH4 emissions by transporting CH4
directly from the sediment to the atmosphere (Bastviken et al., 2008; Bastviken, 2009), a process
referred to as the chimney eﬀect. Although water hyacinth is generally reported as a ﬂoating
plant, the plant can root in the sediment when the water level is suﬃciently low (less than 50 cm;
personal observation), potentially increasing CH4 emissions. This enlarged GHG eﬀect may,
however, be counterbalanced by enhanced growth rates and therefore CO2 uptake rates, due to
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increased nutrient uptake from both sediment and water.
All in all, the eﬀects of water hyacinth mats on GHG emissions are therefore not at all straightfor-
ward. Only few studies have investigated the eﬀects of water hyacinth on total GHG emissions
(CH4 and CO2) (Banik et al., 1993; Attermeyer et al., 2016; Peixoto et al., 2016), and none have
included the eﬀects of plant density or rooting. Moreover, the few studies that investigated the
eﬀect of water hyacinth on GHG balance showed contrasting results (enhanced CH4 emissions:
Banik et al. (1993); decreased CH4 emissions: Attermeyer et al. (2016)). We hypothesize that
the diﬀerences found may be due to variation in density and whether or not the plants are rooted
in the sediment. We therefore used a full-factorial, controlled indoor aquarium experiment aim-
ing to elucidate the eﬀects of plant density and sediment rooting on the nutrient dynamics and
GHG ﬂuxes of water hyacinth vegetation.
Materials andmethods
Experimental set-up
The experiment was conducted in 24 glass aquaria of 24 L (20  20  60 cm; l  w  h) ﬁlled
with a layer of 7 cm of fresh sediment, and a layer of 38 cm of demineralized water. The sed-
iment was collected from a eutrophic drainage ditch (Ede, The Netherlands; 5159043.5800N,
538038.9100L) in September 2014, and was sieved with a 5.0 mm sieve to remove stones and
vegetation remnants. Sediment characteristics were determined at the beginning of the experi-
ment (Table 4.1). The aquaria were placed in a water bath at 23C in the greenhouse facilities
of the Radboud University (Nijmegen, The Netherlands). A light frame of 220 mol m 2 s 1
PAR (16h light/8h dark) was provided by Philips Green Power 400V/1000 WE lamps in a New
E-Papillon 1000 W armature, to provide suﬃcient light in case of cloudy conditions.
Water hyacinth was collected from a commercial breeder (Nijmegen, the Netherlands) and cul-
tivated in the greenhouse for approximately 10 months prior to the experiment, on organic sed-
iment to which slow-release phosphorus granules. The experiment lasted for 59 days, from Oc-
tober to December 2014. The aquaria were randomly assigned to controls without plants, low
density (50% of water hyacinth coverage) or high density (100% coverage) (n= 8 for each treat-
ment). In half of the treatments, a mesh (1.0 mm mesh size) was placed just above the sediment
(n = 12) to prevent the plants from rooting in the sediment, dividing the plant treatments into
rooted and non-rooted treatments. There were 4 controls without, and 4 with a mesh (jointly
referred to as ‘controls’). We added individual water hyacinths to each aquarium: 1) 160 g to the
low density treatment with mesh (non-rooted – 50%nR) or without mesh (rooted – 50%R); and
2) 413  2.63 g to the high density treatment with mesh (non-rooted – 100%nR) or without
mesh (rooted – 100%R) (Fig. 4.1). To maintain the low coverage, water hyacinth was harvested
partially at day 31 and 45.
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Table 4.1. Sediment characteristics at the beginning of the experiment (mean  SEM; n = 3). All analyses were per-
formed using fresh or dry sediment (see section Chemical analyses).
Characteristics Unit Sediment
Organic matter content % 3.32  0.24
Total-P mol g 1 DW 15.65  0.73
Olsen-P mol g 1 DW 0.85  0.06
Salt extractable NH+4 mol g
 1 DW 0.25  0.05
Salt extractable NO 3 mol g
 1 DW 0.02  0.00
Total-Fe mol g 1 DW 88.13  2.69
Total-Al mol g 1 DW 81.49  2.20
Total-Ca mol g 1 DW 100.43  3.83
50%  nR 100% R 100% nR 50% R C w/o mesh C w mesh 
Figure 4.1. Experimental design. C w/o mesh represents control without mesh; C w mesh represents control with mesh;
50% nR represents low density with mesh; 50% R represents low density without mesh; 100% nR represents high density
with mesh; 100% R represents high density without mesh.
Chemical analyses
Dissolved oxygen (DO), pH and temperature were measured weekly at both the surface and
bottom of the water column, using a portable multi-meter (HQ40d multi, HACH, Loveland,
Colorado, U.S.A.). Surface and porewater samples were collected anaerobically every week dur-
ing the experiment using ceramic soil moisture samplers (SMS rhizons, Eijkelkamp, Giesbeek,
Netherlands). Total inorganic carbon (TIC) of water samples was measured with an Infra-red
Gas Analyzer (IRGA; ABB Analytical, Frankfurt, Germany). Concentrations of PO3 4 , NO
 
3
and NH+4 in the water samples were measured colorimetrically on an Auto-Analyzer 3 system
(Bran & Luebbe, Norderstedt, Germany) by using ammonium molybdate (Henriksen, 1965),
hydrazine sulphate (Kamphake et al., 1967) and salicylate (Grasshoﬀ& Johannsen, 1972), respec-
tively. Concentrations of dissolved total P (DTP) were measured by inductively coupled plasma-
optical emission spectrometry (ICP-OES; IRIS Intrepid II, Thermo Fisher Scientiﬁc, Franklin,
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MA, U.S.A.). Dissolved organic carbon (DOC) in water samples was measured with a TOC-L
CPH/CPN analyzer (Shimadzu, Kyoto, Japan) at the end of the experiment.
Sediment samples were collected at the start and end of the experiment, and subsequently dried for
48h at 60C. Dry samples were heated for 4 hours at 550C and re-weighed to determine organic
matter content. Dried sediment (200 mg) was digested in a microwave oven (MLS-1200 Mega,
Milestone Inc., Sorisole, Italy) using 4 ml 65% HNO3 and 1 ml 30% H2O2 to determine total
sediment Fe, Al, Ca and P concentrations. Digested solutions were analyzed by ICP-OES (see
above). Olsen P extracts (plant available P) was determined by extraction according to Olsen et al.
(1954), whereas a NaCl-extraction (exchangeable NH+4 and NO
 
3 ) was performed as described
by Tomassen et al. (2004).
Greenhouse gas fluxmeasurements
Diffusive flux
After 30, 38 and 45 days greenhouse gas (CO2 and CH4) diﬀusive ﬂuxes were measured during
the day and night using a lid on top of the aquarium to establish a closed system connected to
a Picarro G2508 Greenhouse Gas Analyzer (Picarro Inc., Santa Clara, CA, USA). The lid was
sealed air-tight with paste (Terostat IX, Teroson GmbH, Heidelberg, Germany).
Ebullitive flux
Total CH4 ﬂuxes (ebullitive + diﬀusive) were measured 3 times (on day 31, 39 and 46) during a
period of 24 hours. During this time the glass lid (equipped with a rubber septum) was closed as
described before. The increase in CH4 concentration during 24 hours was determined by sam-
pling the headspace (in duplicate) through the septum at the start and the end of the incubation
and subsequent analyses on a gas chromatograph (HP 5890 equipped with a Porapak Q column
(80/100 mesh), a ﬂame ionization detector (GC-FID, Hewlett Packard, USA) and oven tem-
perature 120C). The total amount of CH4 emitted was calculated by multiplying the change
in CH4 concentration in the headspace between t = 0 and at the end with the volume of the
headspace. The ebullitive ﬂuxes were calculated by subtracting diﬀusive CH4 ﬂuxes determined
the day before from the total amount of CH4 emitted.
Global Warming Potential
To evaluate the net GHG eﬀect we used a global warming potentials (GWPs) of 34 for CH4
converting to CO2-eq ﬂuxes as described by (Myhre et al., 2013).
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Plant measurements
At the start of the experiment four extra plants were dried (148.37  13.18 g FW and 9.00
 0.94 g DW) and used to analyze initial nutrient contents. At the end of the experiment all
plants were collected. Water hyacinths were divided into leaves, petioles, and roots. The fresh
plant samples were weighed and dried for 48h at 60C, after which they were weighed again,
grinded and homogenized. Subsequently, 200 mg of dry plant material was grinded and digested
to determine total P concentrations in plants as described for the chemical analysis of sediment.
An additional 3 mg of dry plant samples was combusted to determine C and N content with an
elemental analyzer (Carlo Erba NA 1500, Thermo Fisher Scientiﬁc, Waltham, MA, USA).
Statistical analyses
Shapiro-Wilk’s test and Bartlett’s test were conducted to test normality of residuals and equality
of error variances, respectively. Non-normal or heteroscedastic data were log transformed to meet
these two requisites. Linear mixed models were used to test the main eﬀects and interactions of
treatments on water characteristics, DO, GHG ﬂuxes, GWPs and the ratios of C:N, C:P, and N:P
in diﬀerent plant tissues with the aquarium number as a random eﬀect, by using R package nlme.
Tukey tests were performed to ﬁnd diﬀerences between treatments by using R package multcomp.
The eﬀects of treatments and diﬀerences between treatments were considered signiﬁcant if P <
0.05. All statistical analyses were carried out using the software program R (version 3.2.1; R
development Core Team, 2015). All graphs were plotted by using SigmaPlot (v.11 Systat Software
Inc, 2008).
Results
Biogeochemistry in water column and sediment
Dissolved oxygen (DO) concentrations did not vary in time (P > 0.05 for all treatments; data
not shown), and were below saturation value (8.3 mg L 1 at 22C). Average DO concentrations
in the water layer were signiﬁcantly lower in aquaria with plants (3.5 0.2 mg L 1) compared to
the control aquaria without plants (5.7 0.4 mg L 1, X2 = 9.20, P < 0.05), without a density
eﬀect (Fig 4.2).
The treatments including water hyacinth had about 10–50% lower concentrations of DTP and
phosphate (PO3 4 ) in the surface water compared to the controls (X
2 = 79.82, P < 0.001 and
X2 = 84.03, P < 0.001 for DTP and PO3 4 respectively; Table 4.2). In addition, they had lower
NO 3 concentrations in the surface water (X
2 = 69.38, P < 0.001).
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Figure 4.2. Mean dissolved oxygen concentrations ( SEM) of the water layer at 20 cm depth for controls (C), low
density (50%), and high density (100%) of water hyacinth with (R) or without rooting (nR) in the sediment. Diﬀerent
lower case letters indicate signiﬁcant diﬀerences between treatments by post hoc test (P < 0.001).
Table 4.2. Water characteristics in surface water during the experiment. All concentrations are given in mol L 1.
DOC concentrations were determined at the end of the experiment (mean  SEM; n = 4), whereas other parameters
were analyzed multiple times during the experiment (overall average are given, mean  SEM; n = 4).
Characteristics C w/o mesh C with mesh 50%nR 50%R 100%nR 100%R
DTP 17.4  5.2a 11.1  1.4a 2.2  0.1b 7.8  4.6b 6.4  4.2b 3.7  1.3b
PO3 4 12.8  2.9a 9.5  1.4a 1.6  0.2b 7.8  5.4b 1.4  0.1b 2.8  1.0b
NH+4 16.9  6.2 6.2  0.6 6.8  0.5 60.6  54.2 39.8  33.8 6.2  0.6
NO 3 9.5  0.8a 1.2  0.6b 1.8  1.1b 0.4  0.1b 0.6  0.2b 0.4  0.2b
TIC 734.3  99.2b 1020.4  66.6a 1052.0  100.9a 1417.0  278.0a 1319.0  129.7a 1212.0  103.2a
DOC 944.0  135.9 890.7  331.6 855.5  198.0 469.3  274.3 997.2  273.6 629.0  145.3
Signiﬁcant diﬀerences among treatments are indicated by diﬀerent lower case letters.
Nutrient concentrations in different plant tissues
Plant coverage or rooting did not show eﬀects on nutrient concentrations in diﬀerent plant tissues
(P > 0.05). For low density, P concentrations in petioles were higher in rooted plants than
in not-rooted plants (P < 0.01; See Supplementary Fig 4.1A). In addition, only low-density
treatments showed higher P concentrations in petioles at the end of the experiment compared to
the start (P < 0.01; See Supplementary Fig 4.1A). For all treatments P concentrations in roots
were signiﬁcantly higher at the end of the experiment than at the start of the experiment (P <
0.001; See Supplementary Fig 4.1B). Furthermore, only the high density rooted plants had higher
N concentrations in petioles at the end of the experiment compared to the start (P < 0.001; See
Supplementary Fig 4.2). N concentrations in petioles were higher in the treatment with high
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Figure 4.3. Ratios between C and P (white), between C and N (shaded), and between N and P (dotted) in petioles (left
panel) and roots (right panel) of water hyacinth for low density (50%) and high density (100%) with (R) or without (nR)
roots in the sediment at the end and start of the experiment. All nutrient ratios are given in mol mol 1. Diﬀerent lower
case letters indicate signiﬁcant diﬀerences between treatments including the start of the experiment (P < 0.05). Note
the log10 scale on the y-axis.
density rooted plants than all other treatments (P < 0.001; See Supplementary Fig 4.2).
In general, nutrient did not change in time or diﬀer between treatments. There were some ex-
ceptions however (Fig 4.3). Rooted plants growing at high density had a higher N: P ratio in the
petioles (1.72, compared to 0.85) (X2 = 38.75, P < 0.001), and the N: P ratio in the roots was
lower at the end than at the start (X2 = 24.44, P < 0.001).
Greenhouse gas fluxes
Total CH4 ﬂuxes were highest at high density (ANOVA for density eﬀect; X2 = 8.72, P <
0.05). This was mostly due to the high diﬀusion rates. At low density, diﬀusive CH4 emissions
were signiﬁcantly higher in aquaria with rooted water hyacinth (X2 = 9.59, P < 0.01) (Fig
4.4A). At high coverage the rooted water hyacinth tended to have higher diﬀusive CH4 ﬂuxes as
well, albeit non-signiﬁcant (P = 0.90). On average, CH4 ebullition was 33.1  28.7 mg CH4
m 2 d 1 and did not signiﬁcantly diﬀer between the treatments (Fig 4.4A). In terms of CO2,
the controls without water hyacinth functioned as a source, whereas the treatments with water
hyacinth functioned as a CO2 sink (X2 = 17.08, P < 0.001) (Fig 4.4B).
Discussion
We found that water hyacinth presence signiﬁcantly increased diﬀusive CH4 ﬂuxes. These ﬂuxes
increased with plant density and, especially when plants were rooting in the sediment (Fig. 4.4A),
stressing the role of water depth. Due to water hyacinth’s high CO2 sequestration rates, the overall
GHG budget in terms of CO2 equivalents still resulted in water hyacinth mats being near-neutral
or even a GHG sink, depending on water hyacinth density (Fig. 4.5).
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Figure 4.4. CH4 (left) and CO2 (right) ﬂuxes ( SEM) for controls (C), low density (50%), and high density (100%)
of water hyacinth with (R) or without rooting (nR) in the sediment. Diﬀerent lower case letters and upper case letters
indicate signiﬁcant diﬀerences between treatments (P < 0.05) for diﬀusion and the total ﬂux, respectively. No statistic
diﬀerence was found for ebullition. Note diﬀerent scales for the y-axis. Negative numbers refer to sequestration.
The effect of water hyacinth on oxygen and CH4 emissions
Water hyacinth’s cover lead to lower oxygen concentrations in the water column (Fig. 4.2). Low
oxygen concentrations below other ﬂoating plant species have been reported in ﬁeld and lab stud-
ies (Masifwa et al., 2001; Nahlik &Mitsch, 2006) and have been attributed to the suppression of
O2 diﬀusion across the air-water interface, decrease of primary production in the water column
due to lower light availability and the high oxygen demand of decomposing plant material (Reddy
& DeBusk, 1991).
Low oxygen concentrations may, however, result in increased CH4 emissions (Bastviken et al.,
2008) which may, at least partially, explain why the diﬀusive CH4 emission was up to 17 times
higher in aquaria with water hyacinth compared to the controls. Water hyacinth has previously
been reported as a CH4 enhancer (2 to 5 times more CH4 emissions from water hyacinth mats
compared to open waters) (Banik et al., 1993). Other studies, in contrast, showed 2.6 times
higher CH4 ﬂuxes from open waters compared to from water hyacinth mats (Attermeyer et al.,
2016). We postulate that this discrepancymay well be driven by diﬀerent underlyingmechanisms.
For one, the densities might have diﬀered, with higher densities leading to higher methanogenic
rates. Additionally, along the roots of water hyacinth, CH4 oxidation takes place due to the
metanotrophic activity (Yoshida et al., 2014), and due to a radial oxygen loss provided by this plant
(Kosten et al., 2016). Variation in root biomass and exudate loss, the composition and activity
of microbial communities, and water and sediment composition can be expected to aﬀect CH4
oxidation rates and hence CH4 emission rates. In our study, we found that rooting led to 1.3 and
4 times higher diﬀusive CH4 emissions at high and low plant density, respectively, most possibly
caused by the direct transportation of the CH4 produced in the sediment to the atmosphere
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through the aerenchyma of roots and leaves, thereby escaping CH4 oxidation (Thomas et al.,
1996; Bastviken et al., 2008).
Higher coverage led to higher diﬀusive CH4 ﬂuxes, presumably due to the production of (dis-
solved) organic matter substance and further lowering of O2 concentrations. If the chimney eﬀect
indeed occurs, rooting in the sediment might avoid the formation of bubbles in the sediment,
thereby decreasing ebullition and enhancing the proportion of CH4 emitted by the plant tissue.
We did, however, not ﬁnd a signiﬁcant eﬀect of rooting on ebullition in our study.
The effect of water hyacinth on nutrient dynamics and carbon dioxide
emissions
The percentage coverage by plants and their access to the sediment did not change nutrient uptake
and allocation in a consistent way, although the high density rooting plants showed higher N:
P ratios (Fig 4.3), due to higher N concentration (Supplementary Fig 4.2). Relatively high N
concentrations under high-density conditions have been found in the ﬁeld as well and have been
related to N supply to the plant (Reddy et al., 1989). The general absence of a strong eﬀect of root
access to the sediment on plant nutrient contents suggests that the plants are capable of mobilizing
nutrients from the sediment even without direct contact. This has also been demonstrated for the
ﬂoating macrophyte Stratiotes aloides, for which the lowering of O2 levels due to high coverage can
promote P release from the sediment by weakening the bonds of Fe-P complexes (Harpenslager
et al., 2016). The fact that water column nutrient concentrations tented to be higher in the
treatments where the plants are rooted in the sediment (Table 4.2) suggests, however, that the
plants preferably tap into the rich sediment nutrient pools directly. Porewater concentrations of
N and P were 220 and 30 times higher than in the surface water (results not shown). Egeria densa,
Hydrilla verticillata, and Myriophyllum spicatum have been reported to only take up P from the
sediment (Barko & Smart, 1980).
More eﬃcient nutrient uptake when rooted in the sediment could lead to higher growth rates
and concomitant CO2 sequestration. We did not ﬁnd, however, higher CO2 sequestration in
our rooted treatments. We only found a clear diﬀerence between the densities, with on average
1.6 times lower CO2 sequestration rates at high densities, which we attribute to the limited space
for growth.
On average our plant treatments sequestrated  3.4  2.2 g CO2 m 2 day 1, regardless of den-
sity and the position of the roots. This is notably higher than sequestration rates of other aquatic
plants, such as Typha domingensis and Eichhornia azurea, showing sequestration rates around
 0.09 g CO2 m 2 day 1 (Gripp et al., 2013). The rates we measured are in the range be-
tween  3.4 and  5.4 g CO2 m 2 day 1, found for E:c: in ﬁeld conditions (Attermeyer et al.,
2016; Peixoto et al., 2016).
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Figure 4.5. Global warming potential (GWP; mean  SEM) for controls (C), low density (50%) and high density
(100%) water hyacinth coverage with or without rooting in the sediment. Diﬀerent lower case letters indicate signiﬁcant
diﬀerences between treatments (P < 0.001).
In aquaria without water hyacinth, CO2 ﬂuxes took place leading a 24h net emission of, on
average, 0.3 g CO2 m 2 day 1 (Fig 4.4). The net emissions from the non-vegetated controls
contrast the net CO2 sequestration in the plant treatments indicating that the plants oﬀset the
CO2 emissions from open waters.
Effects of water hyacinth on the overall GHG balance
Under the experimental conditions of our study in the absence of water hyacinth, CH4 emissions
were modest and net CO2 emissions took place, leading to an overall emission of GHG (Fig 4.5).
At low density, however, water hyacinth was a net sink of GHGs, regardless of the position of the
roots. At high density CO2 sequestration only partially counterbalanced CH4 emissions, thereby
making the system become a small GHG source.
We here show that whether water hyacinth is a GHG sink or source depends on the balance of its
eﬀect on CH4 emissions and CO2 uptake rates. This balance, in turn, depends on density and
whether or not they are rooting in the sediment with partially contradicting eﬀects when it comes
to CO2 and CH4. The plants tended to enhance CH4 emissions especially at high density and
when rooting in the sediment, whereas their CO2 uptake rates were highest at low density where
the growth was not space limited and nutrient availability per plant was higher.
Ebullition played an important role in the overall GHG balance, since it accounted, on average,
for 58% of the total CH4 emissions for all treatments and even reached 62% at low density.
Underlining once more that ebullition is one of the most important forms of CH4 contribution
to the atmosphere (Coulthard et al., 2009).
Our results highlight that the presence of water hyacinth mats can alter GHG emissions. CO2
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sequestration rates are enhanced and hence can trigger a regional eﬀect oﬀsetting the greenhouse
gas emissions for open waters. Using water hyacinth for nutrient-rich wastewater puriﬁcation
under a relatively low density (like 50% coverage) by regular harvest will likely reduce the emission
of CH4 and increase the sequestration of CO2, especially when roots are prevented from reaching
the sediment. As a main conclusion, we here showed that access to the sediment, as related to
water depth, and plant density are crucial factors inﬂuencing both nutrient dynamics and GHG
emissions, which may explain the discrepancies reported in literature and should be taken into
account when making regional GHG balances.
Acknowledgements
The authors would like to thank Walter Hendrickx, Yvette Evers for the Water hyacinth mainte-
nance and Gerard van der Weerden for providing experimental space in the greenhouse facilities.
We thank Paul van der Ven, Ankie De Vries-Brock, Germa Verheggen, Sebastian Krosse, and Roy
Peters for their assistance with the chemical analyses. Han Wang was essential for the experiment
implementation and data acquisition. Ernandes Sobreira was funded by the Coordenação de
Aperfeiçoamento de Pessoal de Nível Superior – CAPES by the Science without Borders scholar-
ship program Process BEX 13607/13-8, and the project was funded by Koninklijke Nederlandse
Akademie van Wetenschappen (KNAW) and Fundação de Amparo a Pesquisa de Mato Grosso
(FAPEMAT). Yingying Tang was funded by the China Scholarship Council (CSC; ﬁle number
201206140019). Sarian Kosten was supported by NWO-VENI grant 86312012.
Supplementary information
0
50
100
150
200
250
300
Start 50%nR 50%R 100%nR 100%R
Ph
os
ph
or
us
 (µ
m
ol
 g
-1
dw
) Petioles
b
b
a
ab ab
0
50
100
150
200
250
300
Start 50%nR 50%R 100%nR 100%R
Ph
os
ph
or
us
 (µ
m
ol
 g
-1
 d
w
) Roots
b
a
a
a a
Supplementary Figure 4.1. Mean P concentrations ( SEM) in petioles (A) and roots (B) of water
hyacinth for low density and high density with or without rooting in the sediment at the end and start of
the experiment. Diﬀerent lower case letters indicate signiﬁcant diﬀerences between treatments including
the start of the experiment (P < 0.01).
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Abstract
Hypertrophic shallow wetlands are either dominated by algae or cyanobacteria, or covered by
ﬂoating macrophytes such as water ferns (Azolla spp.), and may show high greenhouse gas (GHG)
emissions. As the construction of new wetlands for water storage, ﬂood protection and nature
rehabilitation is often planned on former arable lands, excess phosphorus (P) stored in these soils
will result in eutrophication of the overlying water after rewetting. Here, the active removal of P
by the growth and harvest of fast growing Azolla spp. may be a viable scenario to avoid down-
stream eutrophication problems, recycle excess P, and decrease GHG emissions. Although it is
well known that iron (Fe) is a key factor determining biogeochemical processes of wetlands, the
exact factors and mechanisms regulating P, GHG and total organic carbon (TOC) emissions from
Azolla dominated wetlands remain unclear. We therefore determined the mobilization rates of
Fe and P into the water layer, their assimilation by A. ﬁliculoides, and GHG and TOC emissions
for two soils diﬀering in P and organic matter contents, in a full factorial, controlled aquarium
experiment. The soils that showed higher Fe mobilization, indicating high Fe reduction rates,
also showed higher P mobilization and higher CO2 and TOC production rates. P was partly
taken up by Azolla, but P mobilization rates were unaﬀected by plant cover. In addition, high
Fe-reduction soils showed 65% lower CH4 emissions (diﬀusion plus ebullition) and 53% lower
GHG emissions during the ﬁrst 8 weeks, most probably due to the inhibitory eﬀect of Fe on
methanogenesis. Although it is well known that Fe reduction rates are often regulated by con-
centrations of oxalate-extractable Fe in soils, used as a proxy for the alternative electron acceptor
Fe3+, we found here that higher concentrations did not predict higher rates, but were determined
by the speciﬁc composition of the available organic matter regulating electron donor availability.
Our study not only shows that Fe related processes are key determinants of carbon and P biogeo-
chemistry in rewetted agricultural peatlands, but also shows the importance of soil organic matter
composition, i.e. the availability of easily decomposable organic matter. This information is not
only important to understand the biogeochemistry of Azolla-dominated wetlands, but also for
the application of Azolla sp. to recycle P from nutrient loaded agricultural soils after rewetting.
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Introduction
The surface water of hypertrophic wetlands and lakes is generally dominated either by algae or
cyanobacteria, or by ﬂoating macrophytes (Smolders et al., 2006; Kosten et al., 2012; Lamers et
al., 2015). In addition, new wetlands are constructed for water puriﬁcation, ﬂood protection and
ecological rehabilitation on former arable lands including peatlands that were heavily drained in
the past (Smolders et al., 2008; Van Diggelen, 2015). As the application of fertilizer and manure
has led to strong accumulation of phosphorus (P), the restoration of wetlands on former arable
lands including drained peatlands could easily result in eutrophication of the overlaying water by
the stimulation of P mobilization (Pant & Reddy, 2003; Geurts et al., 2010; Geurts et al., 2011).
To deal with this, technologies are being developed that aim to remove P from agricultural lands
(Dierberg et al., 2002; Sibrell et al., 2009). Compared with chemical P removal technologies
applied in wastewater treatment, biological P removal technologies are more popular because
of its cost eﬀectiveness and environmental friendliness. P removal by plant uptake, especially
by ﬂoating-leaved macrophytes, has widely been used for wastewater treatment in constructed
wetlands (Ran et al., 2004; Polomski et al., 2009; Tang et al., 2016a). Azolla ﬁliculoides, a ﬂoating
fern that can potentially be used as a bio-fertilizer, is known to be very eﬃcient in P removal
because of its high P use eﬃciency and its ability to ﬁx atmospheric N2 by its symbiosis with
the cyanobacteria Anabaena azollae, preventing nitrogen (N) limitation. As a result, it shows
fast growth rates and is able to alleviate greenhouse gas (GHG) emissions by sequestrating carbon
dioxide (CO2) (Hill, 1977; Lumpkin & Plucknett, 1982; Pillai et al., 2005; Van Kempen, 2013).
As iron (Fe) is a key factor determining biogeochemical processes in wetlands (Loeb et al., 2007),
it is important to gain insight into the role of diﬀerences in Fe reduction rates with regard to the
mobilization of both P and dissolved organic carbon (DOC), and to the release of GHG in Azolla
dominated wetlands. Under anaerobic conditions, Fe (III) is often the most important alternative
electron acceptor for the decomposition of organic matter (Patrick Jr. & Khalid, 1974; Bostrom
et al., 1982; Emsens et al., 2016). Due to a lower binding eﬃciency of Fe (II) for P compared to
Fe (III), large amounts of both Fe and P can be released into the pore water in the process of Fe
reduction (Loeb et al., 2007). Fe and P mobilized in anaerobic soils can diﬀuse into the surface
water if the soil-water interface is anaerobic, preventing P re-sequestration by Fe (II) (Gunnars
& Blomqvist, 1997; Smolders et al., 2006). Furthermore, as simple organic compounds from
organic matter act as alternative electron donors for Fe (III) reduction, DOC production may be
increased (Zak & Gelbrecht, 2007). Although it has been shown that the reduction of Fe (III)
can induce both P and DOC mobilization (Patrick Jr. & Khalid, 1974; Loeb et al., 2007; Zak
& Gelbrecht, 2007), the eﬀect of the reduction of Fe (III) on GHG emissions (including both
CH4 and CO2) is poorly understood.
Floating mats of Azolla sp. may prevent O2 diﬀusion into the water by completely covering the
water surface (Gratwicke & Marshall, 2001), thereby enhancing anaerobic conditions around
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the soil-water interface and increasing P mobilization rates. Simultaneously, Azolla spp. can also
sequestrate P from the surface water, thereby achieving P removal from P-rich wetlands including
inundated former arable lands. Furthermore, Azolla sp. has a great potential to ﬁx atmospheric
carbon dioxide (CO2) because of its fast growth resulting from the ample supply of P mobilized
from the soil, and N ﬁxed by Anabaena azollae (Speelman et al., 2009; Van Kempen et al., 2016).
On the other hand, Azolla sp. may also enhance methane (CH4) emissions by creating anaerobic
conditions and providing high amounts of organic matter for methanogenesis (Furlanetto et al.,
2012). At the same time, however, the roots of Azolla sp. can potentially oxidize produced CH4,
making the overall eﬀect ofAzolla sp. on CH4 emissions not straightforward (Kosten et al., 2016).
In this study, we assessed the main biogeochemical processes regulating P and total organic carbon
(TOC) mobilization, and GHG emissions in Azolla-dominated, rewetted peatlands. We used
two diﬀerent peat soils expected to show clear diﬀerences in Fe reduction rates, as estimated from
data from an earlier study (Tang et al., 2016b). The objective of this study was to answer the
following questions: (1) which factors regulate Fe reduction rates for rewetted peat soils, (2) do
emissions of P, DOC and GHG diﬀer between soils with diﬀerent Fe reduction rates, and (3)
how does A. ﬁliculoides aﬀect P and TOC mobilization, and GHG emissions? The outcome is
not only important to understand biogeochemical processes in Azolla-dominated wetlands, but
also to assess the potential use of Azolla spp. to recycle P from rewetted agricultural land.
Materials andmethods
Experimental set-up
In total, 32 peat monoliths (25  12.5  10 cm; l  w  h) were collected in February 2015 in
Zuidplas (51590N, 4390E) and in Burkmeer (52250N, 4590E). From data from a previous
study (Tang et al., 2016b), we were able to estimate clearly diﬀerent Fe mobilization rates of
6.2 and 54.6 mol m 2 d 1 for Zuidplas and Burkmeer, respectively. Soil characteristics are
displayed in Table 5.1, expressed per unit volume to enable comparison between soils. After
collection, the soils were transported to the greenhouse facility at Radboud University (Nijmegen,
The Netherlands) and transferred into 32 glass aquaria (25  12.5  30 cm; l  w  h; n = 16
for each location). Next, 4.7 L of a standardized water containing 1000 mol L 1 NaHCO3,
1000 mol L 1 CaCl2.2H2O, 250 mol L 1 KCl, 500 mol L 1 MgSO4.7H2O, 10 mol
L 1 Fe-EDTA, 10 mol L 1 NaCl, 1 mol L 1 CuSO4.5H2O, 20 mol L 1 MnCl2.4H2O,
10 mol L 1 ZnSO4.7H2O, 3 mol L 1 Na2MoO4.2H2O, 20 mol L 1 H3BO3, and 4
mol L 1 CoCl2.6H2O (De Lyon & Roelofs, 1986) was carefully added to all aquaria. A.
ﬁliculoides (18.12  0.00 g FW; 1.09  0.00 g DW; water fern, ﬂoating macrophyte) was added
to half of the aquaria (n = 8) for each location. The aquaria were kept at 20C by placing them
inside a water bath (Neslab Merlin M 100; Thermo Scientiﬁc, Newington, NH, USA) at a light
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Table 5.1. Soil characteristics of Burkmeer and Zuidplas soils used in the experiment ( SEM; n = 8). Signiﬁcant
diﬀerences between soil types are indicated using asterisks, with * representing P < 0.05, ** P < 0.01, *** P < 0.001,
and NS not signiﬁcant.
Soil
Bulk
density
(kg DW.L 1
FW)
Organic
matter
(kg DW.L 1
FW)
Oxalate
extractable
Fe (mmol L 1
FW)
Oxalate
extractable
P (mmol L 1
FW)
Total-Fe
(mmol L 1
FW)
Total-P
(mmol L 1
FW)
Burkmeer 0.28 (0.01) 0.19 (0.01) 88.38 (2.76) 11.05 (0.50) 83.49 (6.05) 19.54 (1.42)
Zuidplas 0.50 (0.01) 0.17 (0.00) 94.38 (5.59) 35.59 (1.25) 112.37 (7.68) 43.83 (2.77)
Signiﬁcance *** * NS *** ** ***
intensity of a minimum of 230 mol m 2 s 1 PAR (16h light/8h dark; Quantum sensor, Skye
Instruments LTD, Wales, England) provided by Philips Green Power 400V/1000 WE lamps in a
New E-Papillon 1000W armature in case of cloudy conditions. Throughout the article, soils will
be called Zuidplas (expected to show low Fe reduction rates) and Burkmeer (high Fe mobilization
rates).
Plant measurements
During the experimental period, total fresh weight of A. ﬁliculoides in each aquariumwas recorded
once every two weeks for the ﬁrst two weeks and once every week for the last six weeks. At
these times we harvested part of the biomass to avoid space limitation, leaving 18 g (the starting
biomass of the experiment) of fresh A. ﬁliculoides in the aquarium. The dry weight of harvested
A. ﬁliculoides was determined after drying for 48 h at 60C, and subsequently the material was
ground and homogenized for chemical analyses.
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Chemical analyses
Surface water samples were collected every week between March and April 2015, after which
fresh surface water solution was added to compensate for the sampling volume. Pore water sam-
ples were collected every week at 0–2 cm below soil surface, using ceramic soil moisture samplers
(SMS rhizons, Eijkelkamp, Giesbeek, Netherlands). After 1 week, oxygen (O2) concentrations in
the surface water were measured every week at 7 cm below the water surface in all aquaria with an
optical oxygen probe (Hach LDO, Hach, Loveland, CO, U.S.A.). Total organic carbon (TOC)
in unﬁltered surface water samples and dissolved organic carbon (DOC) in ﬁltered pore water
samples were measured by a TOC-L CPH/CPN analyzer (Shimadzu, Kyoto, Japan). Surface
water samples were ﬁltered through 1.2 m pore size glass microﬁber ﬁlters (GF/C, Whatman
International Ltd., England) using a vacuum pump (Vacuubrand, Wertheim, Germany). Con-
centrations of dissolved total Fe and P in ﬁltered surface water and in pore water were measured by
inductively coupled plasma-optical emission spectrometry (ICP-OES; IRIS Intrepid II, Thermo
Fisher Scientiﬁc, Franklin, MA, U.S.A.).
At the end of the experiment, soil samples were collected, volume weighed and dried for 48 h
at 60C to determine bulk density, after which they were ground with a mortar and pestle for
further analyses. Crude ash was determined by the Weende method (Helrich, 1990), whereas
neutral detergent ﬁber (NDF), acid detergent ﬁber (ADF), and detergent lignin (ADL) were
determined according to the method of Van Soest et al. (1991). Cell soluble (dry weight-NDF-
crude ash), lignin (ADL), cellulose (+ cutine) (ADF-ADL) and hemicellulose (NDF ADF) were
calculated. Dry soil samples were heated (4 h, 550C) and subsequently re-weighed to determine
organic matter content. Furthermore, 200 mg of dry soil was digested with 4 mL 65% HNO3
and 1 mL 30%H2O2 using a microwave oven (MLS-1200Mega, Milestone Inc., Sorisole, Italy),
after which digestates were analyzed by ICP-OES (see above) to determine total sediment Fe and P
concentrations. The concentrations of amorphous Fe and Fe-bound and aluminum- (Al-) bound
P were determined by oxalate extraction according to Houba et al. (1989). 200 mg of dry plant
material was digested and subsequently analyzed as described above to determine total-P and Fe
concentrations in plants. Cumulative biomass production and P content of A. ﬁliculoides were
used to calculate A. ﬁliculoides sequestration rates of P.
GHG fluxmeasurements
Diﬀusive ﬂuxes of CO2 and CH4 were measured 5 times under light and dark conditions using
a lid on top of the aquarium, connected to a Greenhouse Gas Analyzer (Picarro G2508, Picarro
Inc., Santa Clara, CA, USA) to establish a closed loop. The lid/aquarium connection was airtight
by sealing with Terostat paste (Terostat IX, Teroson GmbH, Heidelberg, Germany). For dark
measurements, aquaria were covered with opaque fabric to mimic dark conditions. To ensure
dark adaption of A. ﬁliculoides, measurements were conducted 40 minutes after creating dark
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conditions. Measurements were conducted until a clear linear increase in CO2 and CH4 occurred
(typically for 5 minutes). The slope of the relationship between gas concentration and time was
used to calculate the gas ﬂux as in Almeida et al. (2016). When the linear increase was interrupted
by a sudden increase in gas concentration – due to bubbling – the lid was removed to lower the
gas concentrations in the gas space and the diﬀusive ﬂux measurement was repeated.
Total CH4 ﬂuxes (diﬀusion plus ebullition) were measured 6 times during a period of 24 h.
During the 24 h period the glass lid with a rubber septum covered the top of each aquarium
and the lid/aquarium connection was sealed with Terostat paste (see above). The headspace gas
of each aquarium was sampled (in triplicate) at the start and end of the 24 h incubation, and
subsequently analyzed by a gas chromatograph (HP 5890 equipped with a Porapak Q column
(80/100 mesh), a ﬂame ionization detector (Hewlett Packard, USA), and an oven temperature
of 120C) to determine the increase in CH4 concentration. All gas ﬂuxes were corrected for
headspace volumes. GWPs were estimated by measured ﬂuxes, and expressed as CO2-eq m 2
d 1, using a GWP for CH4 34 times that of CO2 on a mass basis over a 100 year period (Stocker
et al., 2013).
Statistical analyses
Data were tested for normal distribution of residuals and homogeneity of variance using the
Shapiro-Wilk test and Bartlett’s test, respectively. Non-normal or heteroscedastic data were log
transformed to meet the assumptions of ANOVA. Linear mixed models (R package nlme) were
used to test the main eﬀects and interactions of treatments over time on surface water O2 and
TOC concentrations, pore water DOC concentrations, DTP and Fe concentrations in both sur-
face and pore water, Fe and P concentrations in A. ﬁliculoides, total CH4 ﬂuxes, diﬀusive CO2
ﬂuxes (for this response variable not including time as a main eﬀect in this model), and GWPs,
with aquarium number as a random eﬀect. Diﬀerences in organic matter fractions and other
soil characteristics between soil types were also tested using linear mixed models, with aquar-
ium number as a random eﬀect. Eﬀects were considered signiﬁcant if P < 0.05. Diﬀerences
between treatments were tested by Tukey tests at the 0.05 level of signiﬁcance using R package
multcomp. All statistical analyses were performed using the software program R (version 3.2.1;
R development Core Team, 2015), and graphs were plotted using R package ggplot2.
Results
Surface water and pore water characteristics
Time, plant presence, or soil type did not show eﬀects on surface water O2 concentrations (P >
0.05; data not presented); the average surface water O2 concentration was 0.90  0.20 mg L 1
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Figure 5.1. Average surface water TOC (a) and pore water DOC (b) concentrations in aquaria with A. ﬁliculoides (+A)
or without A. ﬁliculoides (Control) for Burkmeer or Zuidplas soils after ﬂooding. Vertical lines represent SEMs. Note
diﬀerent scales for y-axes.
during the experiment for all treatments. Over time, surface water TOC concentrations increased
strongly (Fig. 5.1a; X2 = 86.68, P < 0.001). Burkmeer soils showed 2 times higher TOC
concentrations in the surface water and 3.8 times higher DOC concentrations in the pore water
than Zuidplas soils (Fig. 5.1; X2 = 26.41, P < 0.001 and X2 = 8.04, P < 0.01 for TOC
and DOC respectively). Although surface water TOC concentrations did not signiﬁcantly diﬀer
between treatments with and without A. ﬁliculoides (P = 0.10), they tended to be slightly lower
in the treatments including A. ﬁliculoides.
Burkmeer soils showed 3.7 times higher Fe concentrations in the surface water and 8.8 times
higher Fe concentrations in the pore water than Zuidplas soils after rewetting (Fig. 5.2; X2 =
25.64, P < 0.001 and X2 = 34.35, P < 0.001 for surface water and pore water respectively).
For Burkmeer, Fe concentrations in the surface water were signiﬁcantly lower in aquaria including
A. ﬁliculoides (X2 = 59.14, P < 0.001). Furthermore, in aquaria with A. ﬁliculoides there was a
lower DTP concentration in the surface water for both soil types (Fig. 5.3a; X2 = 25.05, P <
0.001), whereas DTP concentrations in the pore water did not diﬀer with and without plants (Fig.
5.3b; P > 0.05). Although initial DTP mobilization rates for surface water and pore water were
similar for both soils (P = 0.38 and P = 0.71, respectively), surface water and pore water DTP
concentrations were higher for Burkmeer at the end of the experiment, because they remained
high while those for Zuidplas strongly decreased (X2 = 8.79, P < 0.01 and X2 = 10.71, P <
0.01 for surface water and pore water respectively).
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Figure 5.2. Average surface water Fe (a) and pore water Fe (b) concentrations in aquaria with A. ﬁliculoides (+A) or
without A. ﬁliculoides (Control) for both soils. Vertical lines represent SEMs. Note diﬀerent scales for y-axes.
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Figure 5.3. Average surface water DTP (a) and pore water DTP (b) concentrations in aquaria with A. ﬁliculoides (+A)
or without A. ﬁliculoides (Control) for both soils. Vertical lines represent SEMs. Note diﬀerent scales for y-axes.
Azolla growth and nutrient assimilation
There were no signiﬁcant diﬀerences in cumulative dry weight of A. ﬁliculoides between the two
soils (P = 0.91; data not shown). On average, growth rates were 3.4  0.1 g DW m 2 d 1.
However, A. ﬁliculoides grown on Burkmeer soil showing higher Fe mobilization rates, had 2.5
times higher Fe concentrations than for Zuidplas (X2 = 61.89, P < 0.001; Fig. 5.4a). A.
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Figure 5.4. Average Fe (a) and P (b) concentrations in A. ﬁliculoides grown for both soils. Vertical lines represent SEMs.
Note diﬀerent scales for y-axes.
ﬁliculoides showed maximum Fe and P concentrations (308.5  18.0 mol Fe g 1 DW and
256.4  6.6 mol P g 1 DW) at day 31 for Burkmeer after which concentrations started to
decrease. For Zuidplas, plants showed maximum Fe and P concentrations (154.9  28.3 mol
Fe g 1 DW and 269.6  4.2 mol P g 1 DW) at day 18 (Fig. 5.4). Average P sequestration
rates by A. ﬁliculoides during the experiment were 0.77  0.03 mmol P m 2 d 1 and did not
signiﬁcantly diﬀer between both soils.
GHG emissions
Although Burkmeer soils (with higher Fe mobilization rates) only had slightly higher organic
matter contents (Table 5.1; X2 = 6.55, P < 0.05; Fig 5.5a), they showed 3.1 times higher
diﬀusive CO2 emissions to the atmosphere than Zuidplas. A. ﬁliculoides signiﬁcantly reduced
diﬀusive CO2 emissions to the atmosphere compared to the absence of A. ﬁliculoides (X2 = 3.95,
P < 0.05), due to photosynthesis ( 742  204 vs 763  170 mg C m 2 d 1 for daytime
measurement, regardless of soil type). Aquaria with A. ﬁliculoides growing above Burkmeer soil
(highest Fe reduction rates), always functioned as a CO2 source, whereas in aquaria with Zuidplas
soils CO2 was sequestrated during the last three sampling times. At the same time, Burkmeer soils
had 65% lower total CH4 emissions (diﬀusion plus ebullition; calculated by area under the curve)
(X2 = 9.32, P < 0.01; Fig. 5.5b). By the end of the experiment, however, CH4 emissions had
become similar for both soils. As a result of decreasing CH4 emission, GWP of Zuidplas decreased
during the experiment (X2 = 29.21, P < 0.001; Fig 5.6). Although GWP due to GHG emitted
The roles of Fe and Azolla in the regulation of GHG, OC and P emissions
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Figure 5.5. Average diﬀusive CO2 ﬂuxes (a) and total CH4 emissions (diﬀusion plus ebullition) (b) basing on weighted
average of day and night time ﬂuxes in aquaria with A. ﬁliculoides (+A) or without A. ﬁliculoides (Control) for both soils.
Vertical lines represent SEMs. Note diﬀerent scales for y-axes. Positive values represent CO2 release; negative values
represent CO2 ﬁxation.
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Figure 5.6. Average global warming potential (GWP) in aquaria with A. ﬁliculoides (+A) or without A. ﬁliculoides
(Control) for both soils. Vertical lines represent SEMs.
from Burkmeer was initially lower than that Zuidplas (X2 = 18.63, P < 0.001), the GWPs for
both soils became similar after 8 weeks, regardless of the presence of A. ﬁliculoides.
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Figure 5.7. Soil organic matter fractions for Burkmeer and Zuidplas soils. Signiﬁcant diﬀerences between the two soils
are indicated with asterisks, with *** representing P < 0.001 (n = 8).
Soil characteristics and composition
Unexpectedly, the Burkmeer soil showing higher Fe and P mobilization rates had similar oxalate-
extractable Fe concentrations (indicative of the availability of Fe as an electron acceptor), and only
slightly higher organic matter content (Table 5.1). Moreover, Burkmeer showed lower oxalate-
extractable P, and lower total Fe and P concentrations (Table 5.1). We therefore analyzed the
organic matter composition for both soils. This showed that Burkmeer soil contained higher
weight fractions of soluble constituents (cell contents, including soluble carbohydrates, protein,
lipids, minerals and vitamins), cellulose (+ cutine), and lignin than Zuidplas soil, whereas it
contained lower weight fractions of crude ash (Figure 5.7). Both soil types contained only small
amounts of hemicellulose (less than 0.2%) (Figure 5.7).
Discussion
Eutrophic wetlands and rewetted agricultural soils often show high P mobilization and GHG
emission. Our study showed that P mobilization rates, GHG emission and TOC production
were strongly linked to Fe reduction rates in rewetted peat soils. Diﬀerences in Fe reduction rates
could most probably be explained by diﬀerences in electron donor availability, rather than by
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diﬀerences in Fe and P availability. Cover of the water layer by Azolla led to sequestration of Fe,
P, and C, but did not aﬀect mobilization rates.
Regulation of Fe reduction rates
Earlier studies have shown a strong correlation between Fe and P mobilization rates, and concen-
trations of amorphous Fe in the soil (Zak & Gelbrecht, 2007; Emsens et al., 2016). In our study,
however, we found signiﬁcant diﬀerences in Fe reduction rates without diﬀerences in oxalate-
extractable Fe contents between both soils (Table 5.1), showing that Fe reduction rates are not
only regulated by the availability of amorphous Fe as an electron acceptor. For both tested soils,
total organic matter contents per liter soil were almost similar (Table 5.1). However, analysis of
the organic matter composition showed that the soil with higher Fe reduction rates had higher
weight fractions of soluble constituents and cellulose (Figure 5.7). These constituents are regarded
as relatively easily decomposable organic matter, releasing simple organic compounds such as ac-
etate and lactate that serve as electron donors for microbial redox reactions (Swift et al., 1979;
Richardson, 1985; Lamers et al., 2001). This shows that next to the availability of Fe as an electron
acceptor, the composition of soil organic matter may also regulate Fe reduction rates.
Fe-mediated Pmobilization and GHG emission
In the Burkmeer soil Fe reduction played an important role due to the availability of easily degrad-
able organic matter, which is also shown by high DOC concentrations in the pore water. Due to
the higher activity of the Fe reducing community, methanogenesis and CH4 emission (diﬀusion
plus ebullition) were suppressed (Van Bodegom et al., 2004; Zhang et al., 2009). In the Zuid-
plas soil, Fe reducing communities were much less active, probably because of limited availability
of easily degradable organic matter (Fig. 5.7, and also shown by low and decreasing porewater
DOC levels in Fig. 5.1). As a result, methanogenic bacteria became active more rapidly in this
soil, leading to a higher but transient peak in CH4 emission.
C dynamics and GHG emissions from Azolla-dominated wetlands
Although A. ﬁliculoides was taking up CO2 by photosynthesis, 0.70  0.24 g CO2-C m 2 d 1
was still emitted into the atmosphere on a daily basis from aquaria with A. ﬁliculoides growing
on the soil that showed highest Fe reduction rates (Burkmeer). Although this soil contained
only a slightly higher level of organic matter, it had much higher concentrations of cellulose
and soluble constituents (Table 5.1, Figure 5.7). Therefore, higher decomposition rates of labile
organic matter, providing simple organic compounds acting as electron donors, likely produced
more CO2 than could be taken up by the plants (Jacinthe et al., 2002; Ludwig et al., 2011). In
combination with the presence of reactive Fe, anaerobic oxidation rates were enhanced (Lovley &
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Phillips, 1988). Therefore, Azolla-dominated wetlands can still function as a CO2 source due to
higher decomposition rates. For A. ﬁliculoides grown on Zuidmeer soils, showing much lower Fe
reduction rates and decomposition rates, CO2 sequestration by photosynthesis of A. ﬁliculoides
counterbalanced CO2 emissions during the second half of the experiment (Jãger et al., 2011),
changing the system to a C sink. The total CH4 emissions we measured for aquaria with A.
ﬁliculoides regardless of soil type, ranging from 0.03 to 1.28 g C m 2 d 1, are comparable to,
or even higher than, values of 0.03 to 0.06 g C m 2 d 1 reported for free ﬂoating macrophyte
mats (including Azolla pinnata) in man-made wetlands (Singh et al., 2000). For Zuidplas soil,
total CH4 emissions started to decrease after day 24, which may be caused by limited availability
of organic compounds such as acetate for methanogenic communities (Van Der Gon & Neue,
1995; Medvedeﬀ et al., 2014). This shows that Azolla-dominated wetlands may act as either C
sources or sinks, depending on their decomposition rates. GWP were, however, positive for both
soils.
Implications for management
Higher Fe reduction rates led to higher Fe and P mobilization rates in pore water and surface
water, and both elements were partly consumed by Azolla. Although CO2 emissions were higher
and CH4 emissions were lower for soils showing strong Fe reduction, GHG emissions became
similar after 2 months for both soils diﬀering in Fe reduction rates. A. ﬁliculoides cover lowered
CO2 emission, but did not aﬀect CH4 emission.
P is a non-renewable resource that is becoming scarce at a global scale (Petzet et al., 2012; Hao et
al., 2013), and it is estimated that current rock phosphate reserves will be exhausted in 50–100
years (Smil, 2000; Cordell et al., 2009). This means that P recycling becomes more and more
important. In this study, we showed P sequestration rates by A. ﬁliculoides of 0.8 mmol P m 2
d 1 (25 mg P m 2 d 1), showing that Azolla spp., that can be used as green fertilizer, may be
useful for P recovery from P loaded soils after rewetting.
Conclusions
In conclusion, we show that Fe reduction rates on rewetted peat soils are not only determined by
contents of oxalate-extractable Fe in soil, but also by the composition of soil organic matter. Fe
reduction rates are strongly linked to the regulation of GHG, DOC and P emission. Although
the cover of the water layer by Azolla leads to C, P and Fe sequestration, rewetted peat soils may
still act as C and GHG sources due to their high anaerobic decomposition rates.
The roles of Fe and Azolla in the regulation of GHG, OC and P emissions
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Usingmacrophyte-dominatedwetlands fornutrient removal
Due to their high productivity and ability to sequester atmospheric CO2, and their eﬀective
nutrient assimilation by plant uptake, macrophyte-dominated wetlands are globally being used for
nutrient removal from polluted water. In most cases, helophytes (emergent aquatic macrophytes)
are used in constructed wetlands. While helophytes mainly absorb nutrients from the underwater
soil, ﬂoating and submerged aquatic macrophytes, such as Azolla spp. or Chara spp., can also
eﬀectively absorb nutrients from the water layer (Knight et al., 2003; Van Kempen et al., 2012),
and may therefore be more eﬀective. As experimental knowledge about the use of ﬂoating and
submerged macrophytes for nutrient removal is sparse, part of the research in this thesis focused
on their eﬀectiveness in relation to nutrient availability in surface water and soil. By regularly
harvesting these plants, nutrients originating from both inﬂowing water and soil can be withdrawn
from the wetland system.
Effectiveness in relation to external nutrient loading
Nutrient removal eﬃciencies ofmacrophytes strongly depend on external nutrient loadings (Gottschall
et al., 2007; Brisson & Chazarenc, 2009). In Chapter 3, we have shown that in macrophyte-
dominated constructed wetlands, submerged or ﬂoating macrophytes were able to remove most
of the added nutrients at low phosphorus (P) and nitrogen (N) loading rates. At high nutrient
loadings, however, these macrophytes could only remove up to 45% (P) and 65% (N) of the
external loads. This shows that wastewater with high nutrient contents can only be cleaned ef-
ﬁciently if very large areas are available. In most cases, however, aquatic macrophytes can only
be used for wastewater polishing (ﬁnal step of puriﬁcation), but not as a stand-alone treatment
for nutrient removal from wastewater. In order to eﬀectively remove nutrients from wastewater
with high nutrient loads, one should consider combining artiﬁcial wetland systems with various
physicochemical and biological pre-treatment measures. Furthermore, we showed that only fast
growing aquatic macrophytes such as Azolla ﬁliculoides or Myriophyllum spicatum can eﬃciently
contribute to nutrient removal, which indicates that the selection of macrophyte species deserves
more attention (Chapter 3; Brisson and Chazarenc (2009)).
Another important ﬁnding is that wetland soils appear to be equally important in retaining P in
macrophyte-dominated wetlands, but may also release substantial amounts of nutrients. Wetland
soils can therefore serve as nutrient sources or sinks, depending on external P loadings (Reddy &
D’Angelo, 1994). At low external P loading, wetland soils are sources of P, whereas they become P
sinks at higher P loadings (Chapter 3). Although soils release P rather than retain P at low loading
rates, 100% of all P, including both released P and external P loadings, can still be taken up by the
vegetation. Thismeans that Pmobilization from sediments will not lead to a deterioration of water
quality (Chapter 3). Furthermore, P retention by wetland soils also depends on physicochemical
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characteristics of wetland soil (Reddy & DeLaune, 2008). In Chapter 3, we have shown that
clay soils can immobilize P much better and become saturated less quickly than more organic
soils. However, the nutrients immobilized by clay soils cannot directly be harvested. If ﬂoating
macrophytes such as Lemna sp. and/or Azolla sp. are used, the accumulation of especially P in
the soils can be prevented if P loads are low, as shown in Chapter 3.
Effectiveness in relation to internal nutrient loading
Aquatic macrophytes can indirectly or directly take up P from the soils (Chapter 3; Carignan and
Kalﬀ (1980); Harpenslager et al. (2016)), thereby lowering the risk of internal eutrophication and
realizing P mining in the process of wetland creation and restoration. In macrophyte-dominated
wetlands, ﬂoating macrophytes can strongly contribute to Fe-mediated P mobilization from soils
into the overlying water, due to anaerobic conditions created by its coverage (Chapter 4 and 5;
Reddy and DeBusk (1991); Caraco et al. (2006)). In chapter 5, we showed that oxygen (O2)
concentrations in the surface water became as low as 0.64 mg/L in aquaria with A. ﬁliculoides
for two diﬀerent organic soil types, and that large amounts of P were simultaneously mobilized
from these soils into the water. P mobilization was strongly coupled to microbial Fe reduction,
and rates appeared to be regulated by organic matter quality. Furthermore, rooted submerged
macrophytes, such as M. spicatum, eﬃciently take up nutrients from the soils directly (Best &
Mantai, 1978; Barko & Smart, 1980; Carignan & Kalﬀ, 1980), which, as we showed in Chapter
3, is the other way to extract P from the soils. Although the pathways for internal P mining
are diﬀerent, P sequestration rates by A. ﬁliculoides (indirect uptake after mobilization of P to
the water layer) andM. spicatum (direct uptake from sediment pore water) were still comparable
when soils served as sources of P (Chapter 3). Therefore both fast growing rooted submerged
macrophytes as well as ﬂoating macrophytes are good candidates to eﬃciently extract P from
eutrophic soils in constructed wetlands and after rewetting of agricultural lands.
Soil characteristics play an important role in modulating P mobilization to the overlying water
layer (Smolders et al., 2006; Loeb et al., 2007). Under more or less aerobic surface water con-
ditions, P mobilization to the overlying water layer can be determined by P in the soil water
(water-extractable P) (Chapter 2), whereas under anaerobic surface water conditions, the reduc-
tion of Fe (III) may regulate P mobilization (Zak & Gelbrecht, 2007; Loeb et al., 2008). In
addition to Fe, labile soil organic matter is another contributor to P mobilization, as we showed
in Chapter 2 and 5. Simple organic compounds derived from this fraction serve as an impor-
tant electron donor for the reduction of Fe (III) (Lamers et al., 2002a; Zak & Gelbrecht, 2007).
Furthermore, being a microbially mediated process, P mobilization also depends on temperature
(Holdren & Armstrong, 1980; Boers & Van Hese, 1988; Liikanen et al., 2002). In Chapter 2 we
found an average Q10 (temperature coeﬃcient) of 2.8 for P mobilization rates of rewetted soils,
independent of the soil types.
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As indicated, we showed (Chapter 2) that the release after rewetting could easily be predicted by
the water extractable P concentration of the soil. As this P fraction usually decreases in depth in
agricultural soils as a result of the fertilization legacy, topsoil removal can be an eﬀective measure
to create P limitation and thereby prevent P mobilization upon inundation (Lamers et al., 2006;
Smolders et al., 2008; Emsens et al., 2015). Alternatively P rich soils can be inundated and
used for the growth of A. ﬁliculoides (Chapter 5). This might provide an interesting cost-eﬀective
alternative for top soil removal. For decision support with respect to optimal land management,
our method provides an easy, fast and cost-eﬀective way to estimate internal P mobilization rates
after rewetting.
Usingmacrophyte-dominatedwetlands forCsequestration
In addition to nutrient removal, both natural and constructed wetlands can also sequester and
store C from the atmosphere (Chapter 3; Whiting and Chanton (2001); Mitsch et al. (2013)).
Wetlands may therefore serve as a C sink as CO2 assimilation by macrophytes may oﬀset decom-
position, leading to net C accumulation in the soil C pool (Brix et al., 2001; Frolking et al., 2006).
However, wetlands can still be a greenhouse gas (GHG) source as CH4 is emitted to the atmo-
sphere during anaerobic organic matter decomposition, and this gas has a much higher global
warming potential (Poﬀenbarger et al., 2011; Bernal & Mitsch, 2012). Therefore, the overall
GHG balance between net CO2 ﬂuxes and CH4 emission determines whether a wetland system
is a net GHG sink or a net GHG source. Especially the creation of new wetlands on drained
peat soils can strongly reduce net GHG emissions as the aerobic oxidation of organic matter is
stopped (Ström et al., 2005). In this thesis, we mainly focused on C ﬂuxes in ﬂoating vegetation.
CO2 fluxes in floating vegetation
Although high production rates lead to high C sequestration rates, high plant density may also
decrease plant growth due to space limitation and self-shading, thereby lowering photosynthetic
CO2 assimilation (Chapter 4; DeBusk et al. (1981); Driever et al. (2005)). In Chapter 4, we
found this for Eichhornia crassipes with diﬀerent densities, with 1.6 times lower CO2 assimilation
rates at high densities. Both E. crassipes and A. ﬁliculoides have a huge potential to sequestrate
atmospheric CO2. Nevertheless, we showed that E. crassipes can indeed be a net sink of CO2
(Chapter 4), while A. ﬁliculoides growing on Fe rich organic soil acts as a net source of CO2
(Chapter 5). This can be explained by the high decomposition rates induced by a high availability
of labile soil organic matter in Chapter 5 (Jacinthe et al., 2002; Jãger et al., 2011). This shows that
both plant density and the availability of labile organic matter are important factors determining
net CO2 ﬂuxes, at least in the short term.
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CH4 fluxes in floating vegetation
In deep waters, 30–99% of the CH4 produced in the anoxic environment can be oxidized by
methanotrophic bacteria in oxic water or sediment interfaces before reaching the atmosphere
(Ding et al., 2005; Bastviken et al., 2008). Furthermore, more than 90% of diﬀusive CH4 ﬂuxes
can be consumed by CH4 oxidation (King, 1990; Ding et al., 2005). In shallow waters, however,
aquatic plants rooting in anaerobic soils can directly transport CH4 from soils to the atmosphere
via the aerenchyma system, providing a short-cut for CH4 to escape from oxidation (Chapter 4;
Thomas et al. (1996); Bastviken (2009)). Although this mechanism is known for a number of
helophyte species, it has hardly been studied in ﬂoating macrophytes. In Chapter 4, we showed
for E. crassipes that rooting led to up to 4 times higher diﬀusive CH4 emission. Additionally,
CH4 emissions are density-dependent, increasing as plant density increases, which may be asso-
ciated with a combination of plant-enhanced transport and/or plant organic matter production
(Chapter 4; Cicerone et al. (1983); Schütz et al. (1989); Whiting et al. (1991); Zhuang et al.
(2004)). In addition, CH4 production is aﬀected by the availability of labile soil organic matter
(supplying electron donors such as acetate) and the availability of alternative electron acceptors
under anaerobic conditions, such as Fe (III) (Chapter 5; (Yagi and Minami (1990); Dodla et al.
(2009))). In Chapter 5, we indeed showed that labile soil organic matter fueled CH4 production,
whereas Fe (III) blocked methanogenesis. Therefore, all above-mentioned factors related to both
vegetation and soils should be considered to understand and mitigate CH4 ﬂuxes from natural
and constructed wetlands.
The overall GHG balance
The balance of net CO2-ﬂuxes and CH4 emissions can provide an index of a wetland’s overall
GHG contribution to the atmosphere. Therefore, in order to make constructed wetlands act as
net GHG sinks, it is necessary to take measures that minimize CH4 and CO2 emissions and
maximize CO2 sequestration (Harpenslager, 2015). Using E. crassipes-dominated wetlands for
C sequestration under a relatively low density (e.g. 50% coverage) by regular harvest will likely
reduce the emission of CH4 and increase the sequestration of CO2, especially when roots are
prevented from reaching soils by regulating the water level (Chapter 4). Soils with low labile
organic matter should be used for wetland construction, as these soils have lower CO2 emissions
than soils with high labile organic matter (Chapter 5; Grogan and Jonasson (2005); Paré and
Bedard-Haughn (2013)). In addition, rewetting of drained peat soils should be preferred, as after
wetting GHG will be much lower than before wetting due to the slowdown of decomposition
rates (Joosten & Clarke, 2002; Harpenslager et al., 2015; Lamers et al., 2015). Although the
artiﬁcial addition of electron acceptors such as gypsum (sulfate addition) or iron ochre (Fe (III)
addition) to a soil can depress CH4 production and hence reduce CH4 emissions (Chapter 5; Li
et al. (2006); Pangala et al. (2010)), this will simultaneously stimulate decomposition rates and
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aﬀect GHG emissions.
Optimizing wetland ecosystem services
After gaining a thorough understanding of the biogeochemical processes that are important for
wetland ecosystem services, we are able to design wetland management strategies for managers
based on this understanding (Herath, 2004; Euliss et al., 2008). The wetlands studied in the
present thesis are constructed and restored mainly for ﬂood abatement (water retention and water
storage), soil P mining, wastewater treatment, carbon sequestration by biomass production, or a
combination of these services (e.g. in the project Rich Water World, Kwakernaak et al. (2015)).
Below, the biogeochemical prerequisites to optimize these four services without negative side
eﬀects will be discussed.
Flood abatement
It is predicted that the frequency of severe ﬂooding events will increase in Europe in the future
due to heavy precipitation induced by climate changes (Banach et al., 2009; Alﬁeri et al., 2015),
and therefore additional water storage areas are needed during peak discharge periods to prevent
ﬂooding of urban areas. Locations that have soils showing low water-extractable P and oxalate-
extractable P are strongly preferred for use as water storage areas, as eutrophication can be avoided
(Figure 6.1). Otherwise, additional measures such as topsoil removal, or soil P mining by aquatic
macrophytes after rewetting, will be required. This is especially important if the surface water is
rich in SO2 4 and ﬂooding occurs during summer, as high SO
2 
4 loads may lead to additional
release of P (Lamers et al., 1998; Smolders et al., 2006). In winter the release of nutrients from
ﬂooded soils will be much less a problem, as low temperatures decrease microbial activity (Chapter
2; Loeb et al. (2008); Banach et al. (2009)).
Soil P mining
Nature development on former agricultural soils can be a big challenge since they have been heav-
ily fertilized, which results in an extremely nutrient-rich top layer of the soil. As a result, former
agricultural soils tend to develop extensive monotonous vegetation consisting of a few high-yield
species (Kemmers et al., 2004; Smolders et al., 2008). These vegetation types have little value
from an ecological point of view. Low concentrations of nutrients, P in particular, seem to be
a prerequisite for long-term coexistence of plant species. This means that the extraction of P
from former agricultural soils is crucial for the development of the desired species-rich vegetation
types. At the same time, P fertilizers are crucial for sustaining and increasing global food pro-
duction (Cordell et al., 2009; Van Vuuren et al., 2010). However, P is essentially derived from
phosphate rocks and therefore a non-renewable resource, and current phosphate rock reserves
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may become exhausted in 50-100 years (Steen, 1998; Cordell, 2008). Therefore, mining soil P
has also been proposed as a possible management strategy for alleviating P scarcity in the future
(Koopmans et al., 2004). The use of Azolla can be beneﬁcial, as N often becomes limiting for the
growth of macrophytes, and Azolla lives in symbiosis with the dinitrogen-ﬁxing cyanobacterium
Anabaena azollae preventing N limitation. In addition, regular harvest is necessary for P mining,
and harvested biomass can be used as a green fertilizer and animal fodder, thereby achieving P
recycling.
Wastewater treatment
Aquatic macrophytes can function as an eﬃcient nutrient ﬁlter, but only for low nutrient loads
(Chapter 3). At high nutrient loads eﬀective wastewater treatment with aquatic macrophytes can
only be achieved in combination with other methods, for instance with a pretreatment, such as
ﬂocculation by Fe- and Al-based ﬂocculants or a bio-contact oxidation reactor (Stone et al., 2004;
Meers et al., 2006; Wang & Li, 2011). After pretreatment, eﬄuent can be directly discharged
into constructed wetlands (Figure 6.1). At low nutrient loads, fast-growing submerged or ﬂoating
macrophytes can be introduced to constructed wetlands (Chapter 3; Figure 6.1). In Chapter 3,
we have shown that at loads  22 mg P m 2 d 1, M. spicatum is the best option, whereas at
loads 22 mg Pm 2 d 1, A. ﬁliculoides removes P more eﬃciently. Furthermore, the vegetation
should be harvested regularly for eﬃcient nutrient removal (Dillaha et al., 1986). An alternative
view on wastewater treatment is the use of wastewater as a nutrient source to produce high quality,
aquatic macrophyte-based products, such as proteins.
C sequestration
Under aerobic conditions, drained peatlands can emit huge amounts of CO2 due to aerobic oxida-
tion of organic matter. After rewetting, restoring anaerobic conditions, the decomposition rate of
organic matter is slowed down, which may result in C accumulation (Emsens et al., 2015; Harp-
enslager, 2015). Therefore, rewetting of drained peat soils should be preferred if C sequestration
is an important target. Eutrophication of the overlying water, however, can be caused by rewet-
ting of P rich soils (Chapter 2; Van De Riet et al. (2013); Van Diggelen (2015)). As a result, soils
showing low water-extractable P and oxalate-extractable P can directly be applied in constructed
wetlands. For soils showing high water-extractable and oxalate-extractable P, eﬃcient C seques-
tration without causing eutrophication can only be achieved in combination with other measures,
such as topsoil removal or P mining by Azolla after rewetting. Furthermore, peat-forming species
such as Phragmites australis and Sphagnum spp. (Emsens et al., 2015; Harpenslager et al., 2015),
should be used to maximize C sequestration from the atmosphere.
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Chapter 6
Target
water storage
water purification
C sequestration
high P soil
low P soil
topsoil removal
P mining
Services
Azolla
water storage
biomass
fodder
proteins
P recycling
high P flux
low P flux
pretreatment
clean water
≤ 22 mg P m-2 d-1M. spicatum
≥ 22 mg P m-2 d-1 A. filiculoides
high P soil
low P soil
topsoil removal
P mining
Azolla
Peat forming species
peat formation
Figure 6.1. Schematic overview of the management strategies to optimize wetland ecosystem services for diﬀerent targets.
See text for further explanation.
General conclusion
This thesis focuses on the key biogeochemical processes in macrophyte-dominated wetlands that
determine wetland services. As shown, profound knowledge about these processes is essential
for optimizing wetland ecosystem services including ﬂood abatement, soil P mining, wastewater
treatment and C sequestration. In addition, this information paves new ways for the develop-
ment of completely novel types of constructed wetlands, such as cascade systems in which aquatic
macrophytes compartments are combined with helophytes and productive inﬁltration meadows,
from which P can be extracted by the use of aquatic macrophytes during temporary ﬂooding
(Figure 6.2). Careful selection of plant species and soil types will enable the optimization of
multi-service constructed wetlands, in which wastewater is used as a raw material for high quality
products (e.g. Aquafarm project, (Durrant et al. (1999))). Although this looks very promising,
further research is needed to explore the full potential of such macrophyte-dominated wetland
systems.
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Figure 6.2. The water puriﬁcation cascade system constructed at the Radboud Greenhouse outdoor facilities, planted
with graminoids (inﬁltration zone), helophytes (Iris pseudacorus), and aquatic macrophytes (Myriophyllum spicatum). This
system is compared to the adjacent traditional ﬂow system, planted with Phragmites australis. Pictures: Y. Tang.
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Summary
Wetlands are often referred to as “the kidneys of the landscape” due to multiple ecosystem services
they provide regarding water, such as ﬂood mitigation and the improvement of water quality,
and as “biological supermarkets” due to the extended food webs and rich diversity they support.
At a global scale, however, many wetlands have been lost or degraded due to human develop-
ment including drainage of land for agricultural purposes, construction of dams for hydropower
generation or for the creation of water reservoirs, and eutrophication and pollution. To compen-
sate for the loss and degradation of natural wetlands, drained wetlands are now being restored
and new wetlands are being created. Furthermore, wetlands are speciﬁcally constructed for nu-
trient removal and carbon (C) sequestration. Essentially, all these diﬀerent wetland ecosystems
show similar biogeochemical and ecological mechanisms, including plant nutrient uptake, soil
precipitation and adsorption, iron oxidation and reduction, photosynthesis, decomposition, and
methane (CH4) production and oxidation. In addition, wetland soils and vegetation, major com-
ponents of wetlands, play an important role in the biogeochemical cycling of C and nutrients,
and resulting ecosystem services. The main goal of this thesis was to study and optimize nutrient
uptake and C sequestration in macrophyte-dominated wetlands (Chapter 1).
To achieve this, a series of laboratory and mesocosm experiments were carried out to study the
interacting roles of soil and vegetation type. We focused on both biological and biogeochemical
processes related to wetland services including water storage, ﬂood abatement, nutrient removal,
C sequestration, and soil phosphorus (P) mining.
The construction and restoration of permanent or riparian (temporarily ﬂooded) wetlands plays
a central role in climate-adaptive water management, because of the water storage and ﬂood pro-
tection services they provide. However, because projects are often planned on former agricultural
lands, excess P stored in these soils may lead to eutrophication problems and may thus severely
compromise these services, due to high rates of P release to the overlying water and surroundings.
It is therefore urgent for water management to ﬁnd an easy tool to predict P release rates after
short-term ﬂooding that is widely applicable to a range of diﬀerent soil types. In Chapter 2, we
combined experimental work on P mobilization rates with the measurement of a suite of soil
characteristics for a large set of diﬀerent soils ranging from sandy to highly organic. Multi-model
inference showed that water-extractable P is an excellent predictor, explaining 86.9% of the varia-
tion. In addition, we determined temperature dependence of P-mobilization, to be able to correct
for temperature related seasonal variations. Increasing the temperature from 8 to 18C almost
tripled P mobilization rates, but the variation could not be linked to any of the soil characteristics
measured. In this way we provide a widely-applicable, very easy and cost-eﬀective tool to predict
P mobilization rates during short-term ﬂooding, which is essential for decision support in water
management related to wetland creation for water storage and other services. The outcome can be
used as a standard method to support water, land and nature managers in their decision-making
concerning the optimal location for the construction of and restoration of wetlands.
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Nutrient sequestration from surface waters by aquatic macrophytes and soils provides an impor-
tant service of both natural and constructed wetlands. So far, however, the focus has almost
entirely been on emergent (helophyte) species, while the use of submerged and ﬂoating macro-
phytes may be more eﬃcient since these ﬁlter nutrients directly from the surface water. It remains
unclear, however, whether their eﬃciency is suﬃcient for wastewater puriﬁcation, and how ef-
ﬁcient diﬀerent submerged or ﬂoating macrophytes are under diﬀerent nutrient loads and on
diﬀerent soil types. We therefore used a full factorial outdoor mesocosm design to test the eﬀects
of diﬀerent nutrient loadings on the resulting distribution of nutrients over diﬀerent compart-
ments: water layer, plant biomass and soil (Chapter 3). In the experiment we compared diﬀerent
plant species (Ceratophyllum demersum, Chara hispida, Myriophyllum spicatum and Azolla ﬁlicu-
loides) in combination with diﬀerent soil types (peat, peaty clay and clay soils). Our results clearly
show that aquatic macrophytes can be used for wastewater polishing, but not as a stand-alone pu-
riﬁcation treatment for nutrient removal from wastewater. At loads  22 mg P m 2 d 1, M.
spicatum is the best option, whereas at loads  22 mg P m 2 d 1, A. ﬁliculoides removes P more
eﬃciently. The outcome of the results enables the selection of eﬃcient macrophytes species for
wastewater polishing depending on nutrient loading rates, which is essential for decision support
in water management using constructed wetlands for nutrient removal by biomass harvesting.
Furthermore, we have shown that soil type is a previously underestimated factor inﬂuencing the
eﬃciency of nutrient removal and immobilization.
In addition to nutrient removal, macrophytes, such as water hyacinth (Eichhornia crassipes), also
play an important role in the regulation of greenhouse gas (GHG) ﬂuxes. There is, however,
controversy regarding the net eﬀect of water hyacinth vegetation: do they act as GHG sources or
sinks? We hypothesized that the diﬀerential eﬀects of water hyacinth mats on GHG ﬂuxes may
be due to variation in plant density and whether or not the plants are rooted in the sediment. We
therefore used a full-factorial, controlled indoor aquarium experiment aiming to elucidate the
eﬀects of plant density and sediment rooting on the nutrient dynamics and GHG ﬂuxes of wa-
ter hyacinth vegetation (Chapter 4). In accordance with our expectations, we found that GHG
ﬂuxes were strongly inﬂuenced by plant density and rooting. Water hyacinth presence signiﬁ-
cantly increased diﬀusive CH4 ﬂuxes. These ﬂuxes increased with plant density and, especially
when plants were rooting in the sediment. Due to water hyacinth’s high carbon dioxide (CO2)
sequestration rates, the overall GHG budget in terms of CO2 equivalents still resulted in water
hyacinth mats being near-neutral or even a GHG sink, depending on water hyacinth density.
This indicates that, when assessing regional GHG ﬂuxes for wetlands, not only plant presence
but also its density and water depth – regulating sediment-root contact – should be taken into
account.
Hypertrophic shallow wetlands are either dominated by algae or cyanobacteria, or covered by
ﬂoating macrophytes such as water ferns (Azolla spp.), and may show high GHG emissions. In
addition, it is well known that P can easily become mobilized from soils to the overlying water
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after the restoration and construction of wetlands on former agricultural lands including drained
peatlands. Here, the active removal of P by the growth and harvest of fast growing Azolla spp. may
be a viable scenario to avoid downstream eutrophication problems, recycle excess P, and decrease
GHG emissions. Although it is well known that iron (Fe) is a key factor determining biogeo-
chemical processes of wetlands, the exact factors and mechanisms regulating P, GHG and total
organic carbon (TOC) emissions from Azolla dominated wetlands remain unclear. We therefore
determined the mobilization of Fe and P into the water layer, their assimilation by A. ﬁliculoides,
and GHG and TOC emissions for two rewetted peat soils with diﬀerent Fe reduction rates, in a
full factorial, controlled aquarium experiment (Chapter 5). We showed that electron donor avail-
ability (organic matter fractions), rather than Fe and P availability, could explain Fe reduction
rates, which in turn strongly regulate the emissions of GHG, TOC and P from Azolla dominated
wetlands. Although the cover of the water layer by Azolla leads to C, P and Fe sequestration,
rewetted peat soils may still act as C and GHG sources due to their high anaerobic decomposi-
tion rates. The outcome of the results is not only important to understand the biogeochemistry of
Azolla-dominated wetlands, but also for the application of Azolla sp. to recycle P from nutrient
loaded agricultural soils after rewetting.
Finally, in Chapter 6, a conceptual design is proposed to optimize wetland ecosystem services in-
cluding ﬂood abatement (water retention and water storage), soil P mining, wastewater treatment
and C sequestration by biomass production, based on the synthesis of the results of the labora-
tory and mesocosm experiments described in the previous chapters. In addition, the implications
for water management, land management, and resource management are elaborated on in this
chapter.
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Wetlands worden vaak omschreven als “de nieren van een landschap” vanwege de veelheid aan wa-
tergerelateerde diensten die ze aan het ecosysteem bieden, zoals het verminderen van overstroming
en de verbetering van waterkwaliteit, en ook als “biologische supermarkten” vanwege de uitge-
breide voedselwebben en rijke diversiteit die ze mogelijk maken. Helaas zijn veel wetlands op
mondiale schaal verloren gegaan of achteruitgegaan door menselijke ingrepen zoals drainage van
het land voor landbouwdoeleinden, constructie van dammen voor het opwekken van energie of
voor het aanleggen van waterreservoirs, en ook door eutrophiëring en verontreiniging. Om voor
het verlies en de beschadiging van natuurlijke wetlands te compenseren, worden gedraineerde
wetlands hersteld en nieuwe wetlands gecreëerd. Verder worden wetlands ook speciﬁek aangelegd
voor nutriëntverwijdering en het vastleggen van koolstof (C). In essentie hebben al deze verschil-
lende wetlandecosystemen vergelijkbare biogeochemische en ecologische mechanismen zoals nu-
triëntopname door planten, neerslag en adsorptie van nutriënten aan het sediment, ijzeroxidatie
en reductie, fotosynthese, decompositie en methaan (CH4) productie en oxidatie. Bovendien
spelen de bodems en vegetatie, belangrijke componenten van wetlands, een belangrijke rol in de
biogeochemische kringloop van C en nutriënten en de daaruit resulterende ecosysteemdiensten.
Het voornaamste doel van dit proefschrift was het bestuderen en optimaliseren van nutriëntop-
name en koolstofvastlegging in macrofyt-gedomineerde wetlands (Hoofdstuk 1).
Om dit te bereiken werd een serie laboratorium- en mesocosmexperimenten uitgevoerd om de
rol van zowel bodem- als vegetatietype te bestuderen en werd gefocust op zowel biologische als
biogeochemische processen die relateren aan deze wetlanddiensten zoals wateropslag, verminderen
van overstroming, nutriëntverwijdering, C vastlegging en het oogsten van bodemfosfor (P).
De aanleg en het herstellen van permanente of tijdelijk overstroomde wetlands speelt een belan-
grijke rol in klimaatbewust watermanagement, vanwege de wateropslag en de bescherming tegen
overstroming die ze bieden. Echter, omdat projecten vaak gepland worden op vroegere land-
bouwgebieden, kan het overvloedige fosfor opgeslagen in deze bodems leiden tot eutroﬁëringsprob-
lemen en zo deze diensten ernstig ondermijnen door de snelle P afgifte aan het bovenliggende
water en de omgeving. Daarom is het uiterst belangrijk voor watermanagement om een een-
voudig middel te vinden voor het voorspellen van P afgifte na kortdurende overstroming, dat
breed toepasbaar is op een scala aan verschillende bodemtypen. In hoofstuk 2 combineerden
we experimenteel werk aan P mobilisatiesnelheden met het meten van een ruime variatie aan
bodemeigenschappen voor een grote set aan bodemtypen variërend van zandig tot vooral or-
ganisch. Multi-model inferentie liet zien dat water-extraheerbare P een uitstekende voorspeller
is van P-mobilisatie die 86.9% van de variatie verklaart. Verder hebben we de temperatuur-
safhankelijkheid van P-mobilisatie bepaald om te kunnen corrigeren voor temperatuurgerela-
teerde seizoensvariaties. Het verhogen van de temperatuur van 8 naar 18C verdrievoudigde
haast de P-mobilisatiesnelheden, maar de variatie kon niet aan enige gemeten bodemeigenschap
gerelateerd worden. Op deze manier voorzien we in een breed toepasbaar, zeer eenvoudig en
kosteneﬀectief middel om P-mobilisatiesnelheden te voorspellen tijdens kortdurende overstro-
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ming, dat essentiëel is voor het ondersteunen van beslissingen in watermanagement aangaande
het creëren van wetlands voor wateropslag en andere diensten.
Het vastleggen van nutriënten uit oppervlaktewateren door aquatische macrofyten en bodems
is een belangrijke dienst van zowel natuurlijke als aangelegde wetlands. Tot nu toe is de focus
echter bijna geheel op helofyten (emergente planten) gelegd, terwijl het gebruik van ondergedo-
ken en drijvende macrofyten eﬃciënter zou kunnen zijn, omdat deze de nutriënten direct uit
het oppervlaktewater ﬁlteren. Het is echter nog onduidelijk of hun eﬃciëntie voldoende is voor
afvalwaterzuivering en hoe eﬃciënt verschillende ondergedoken of drijvende planten zijn bij ver-
schillende nutriëntbelasting en op verschillende bodemtypen. We hebben daarom een volledig
gekruist mesocosm ontwerp in de openlucht gebruikt om de eﬀecten van verschillende nutriënt-
belasting op de resulterende verdeling van nutriënten over de verschillende compartimenten te
bepalen: waterlaag, plantenbiomassa en bodem (Hoofdstuk 3). In het experiment vergeleken we
verschillende plantensoorten (Ceratophyllum demersum, Chara hispida,Myriophyllum spicatum en
Azolla ﬁliculoides) in combinatie met verschillende bodemtypen (veen, veenachtig klei en klei bo-
dem). Onze resultaten laten duidelijk zien dat aquatische macrofyten gebruikt kunnen worden
voor het lage bereik van de afvalwaterzuivering (polishing), maar niet als op zichzelfstaande zuiv-
eringsbehandeling voor nutriëntverwijdering uit afvalwater. Bij belasting  22 mg P m 2 d 1
is M. spicatum de beste optie, terwijl bij belasting  22 mg P m 2 d 1 A. ﬁliculoides eﬃciën-
ter P verwijdert. De uitkomst van de resultaten maakt de selectie mogelijk van macrofytsoorten
eﬃciënt voor afvalwaterzuivering afhankelijk van nutiëntbelastingsnelheid, die essentiëel is voor
het ondersteunen van beslissingen in watermanagement en gebruikmaakt van aangelegde wet-
lands voor nutriëntverwijdering door het oogsten van biomassa. Verder hebben we aangetoond
dat bodemtype een voorheen onderschatte factor is die grote invloed heeft op de eﬃciëntie van
nutriëntverwijdering en immobilisatie.
Behalve nutriëntverwijdering, spelen macrofyten zoals de waterhyacint (Eichhornia crassipes) ook
een belangrijke rol in de regulatie van broeikasgasﬂuxen. Er is echter controversie over het netto ef-
fect van waterhyacint-vegetatie als bron van broeikasgassen of juist als vastlegger. Onze hypothese
was dat het variërende eﬀect van matten van waterhyacint op ﬂuxen van broeikasgassen het
gevolg zou kunnen zijn van variatie in plantdichtheid en of de planten in het sediment geworteld
zijn. Daarom hebben we een volledig gekruist, gecontroleerd, binnenshuis aquariumexperiment
gedaan met als doel de eﬀecten van plantdichtheid en bodemworteling op de dynamica van nu-
triënten en ﬂuxen van broeikasgas in vegetatie van waterhyacint op te helderen (Hoofdstuk 4).
In overeenstemming met onze verwachting vonden we dat ﬂuxen van broeikasgas sterk beïn-
vloed werden door plantdichtheid en worteling. De aanwezigheid van waterhyacint verhoogde
de diﬀusieve CH4 ﬂuxen signifcant. Deze ﬂuxen namen toe met plantdichtheid, vooral wanneer
planten in het sediment wortelden. De hoge snelheid waarmee waterhyacint CO2 vastlegt, zorgde
er echter in het totale budget van broeikasgassen, gemeten in CO2 equivalenten, voor dat matten
van waterhyacint nog steeds bijna neutraal waren of zelfs broeikasgas vastlegden, afhankelijk van
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de dichtheid van waterhyacint. Dit wijst erop dat, bij het inschatten van regionale ﬂuxen van
broeikasgas, niet alleen de aanwezigheid van planten, maar ook de dichtheid en waterdiepte – die
het contact tussen sediment en wortels reguleert, beschouwd moet worden.
Hypertrofe ondiepe wetlands worden ofwel gedomineerd door algen of cyanobacteriën of bedekt
door drijvende macrofyten zoals kroosvarens (Azolla spp.) en kunnen hoge emissies van broeikas-
gassen vertonen. Daarenboven is het welbekend dat P eenvoudig gemobiliseerd kan worden va-
nuit bodems naar het bovenliggende water na de restauratie en aanleg van wetlands op vroegere
landbouwgrond inclusief drooggelegde veengronden. Hier kan het actief verwijderen van P door
de groei en oogst van snelgroeiende Azolla spp. een realistisch scenario zijn om stroomafwaarts
eutroﬁëringsproblemen te voorkomen, overtollig P te recyclen en de uitstoot van broeikasgassen te
verminderen. Hoewel het welbekend is dat ijzer (Fe) een sleutelfactor is in het bepalen van biogeo-
chemische processen van wetlands, blijven de exacte factoren en mechanismen die uitstoot van P,
broeikasgassen en totale organische koolstof (TOC) uit Azolla gedomineerde wetlands reguleren
nog onduidelijk. We hebben daarom de mobilisatie van Fe en P naar de waterlaag, hun assimi-
latie door A. ﬁliculoides, en uitstoot van broeikasgassen en TOC bepaald voor twee opnieuw ver-
natte veenbodems met verschillende Fe reductiesnelheden in een volledig gekruist gecontroleerd
aquariumexperiment (Hoofdstuk 5). We lieten zien dat beschikbaarheid van geschikte electro-
nendonoren, (organische verbindingen) meer dan Fe en P beschikbaarheid, de Fe reductiesnelhei-
den konden verklaren die op hun beurt sterk de emissie van broeikasgas, TOC en P vanuit door
Azolla gedomineerde wetlands reguleren. Hoewel de bedekking van de waterlaag door Azolla tot
vastlegging van C, P en Fe leidt, kunnen opnieuw vernatte veenbodems nog steeds een bron van
C en broeikasgas zijn vanwege hun hoge hoeveelheid anaerobe decompositie. De uitkomst van
de resultaten is niet alleen belangrijk voor het begrijpen van de biogeochemie van door Azolla
gedomineerde wetlands, maar ook voor de toepassing van Azolla spp. in het recyclen van P uit
nutriëntbelaste landbouwgronden na het opnieuw vernatten.
Tot slot, in Hoofdstuk 6, stellen we een conceptueel ontwerp voor om de ecosysteemdiensten van
wetlands zoals het verminderen van overstroming (water vasthouden en wateropslag), het oogsten
van bodemfosfor, behandeling van afvalwater en het vastleggen van C door biomassaproductie te
optimaliseren, gebaseerd op de integratie van de resultaten van de laboratorium- en mesocosm-
experimenten zoals beschreven in voorgaande hoofdstukken. Verder worden de implicaties voor
watermanagement, landmanagement, en grondstofmanagement uitgelegd in dit hoofdstuk.
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湿地常常由于其提供的与水有关的多样的生态服务功能被称为 “地球之肾”，例如防洪
和水质的改善，并且由于其所支撑的巨大的食物网和丰富的生物多样性被称为 “生物
超市”。然而由于人类的发展包括排干湿地发展农业，水电大坝建设和水库大坝建设，
富营养化和污染，在全球范围内很多湿地正在消失或者退化。为了弥补自然湿地的消
失和退化，排干的湿地正在被修复，并且新的湿地正在被建立。此外，湿地尤其是为
了营养物去除和碳固定而构建的。在本质上，所有不同的湿地生态系统具有相似的生
物地球化学和生态学机制，包括植物的营养吸收，土壤的沉淀和吸附，铁的氧化和还
原，光合作用，降解，以及甲烷的生成和氧化。另外，湿地的重要组成部分：湿地土
壤和植物，在碳和营养物的生物地球化学循环和由此引发的生态系统服务功能中起着
重要的作用。这本论文主要目标是研究和最大化大型植物占主导的湿地中的营养物去
除和碳固定（第一章）。
为了实现这一目标，一系列的室内和围隔实验被用来研究土壤和植物类型的交互作
用。我们聚焦于与湿地功能相关的生物和生物地球化学过程，包括防洪，营养物去除，
碳固定和土壤磷（P）开采。
由于永久的或者河边的（短暂地淹没的）湿地可以提供水储存和防洪的功能，因此构
建和恢复这种湿地在气候调控的水管理中起着重要的作用。然而，由于这些项目经常
规划在废弃的农业用地上，储存于这些土壤中过量的磷会由于较高的释放率被释放到
上覆水和周围的环境中，从而可能会导致富营养化问题，因此可能会危害湿地的这些
功能。因此水管理者急于找到可以广泛地应用于很多不同土壤类型的简单工具去预测
短期淹没后磷的释放率。在第二章，我们把实验所得的磷的释放率和来自于不同土壤
类型从沙质土到高度地有机土的一系列的土壤特征结合了起来。多模型推理表明水提
取的磷是一个极好的预测指标，能解释 86.9%的变化。另外，为了能够校正与温度相
关的季节变化，我们确定了磷释放率的温度依赖。在 18C时磷的释放率几乎是 8C
时的三倍，但是这种变化不能与所测量的任何一个土壤特征联系起来。我们用这种方
式提供了一个广泛应用的，很容易的，并且划算的工具去预测短期土壤淹没后磷的释
放率，这对与湿地创建（为了水储存和其他功能）有关的水管理中的决策支持起着至
关重要的作用。研究结果可以被水，土地和自然管理者用作标准方法去决定构建和恢
复湿地的最佳地点。
自然和人工湿地中水生大型植物和土壤对表面水中营养物的固定是自然和人工湿地
的一个重要的服务功能。然而到目前为止研究几乎全部聚焦在挺水（沼生）植物，而
由于沉水和漂浮植物能够直接过滤表面水中的营养物，因此使用沉水植物和漂浮植物
可能更加有效。但是，是否它们的效力足以废水净化，并且不同的沉水或者漂浮植物
在不同营养物负荷下和在不同土壤类型上的效果仍然不可知。因此我们使用了一个全
因子室外围隔设计去测试不同营养物负荷对营养物在水层，植物生物量和土壤中分布
的影响（第三章）。在实验中我们把不同的植物物种（金鱼藻，轮藻，穗状狐尾藻以
及细叶满江红）与不同的土壤类型（泥炭土，泥炭粘土，粘土）结合起来比较。我们
的结果清楚地表明水生大型植物可以被用作进一步的废水处理，不能作为独立的净化
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处理去去除废水中营养物。当负荷  22 mg P m 2 d 1 的时候，穗状狐尾藻是最好的
选择，当负荷  22 mg P m 2 d 1 的时候，细叶满江红能更有效地去除磷。研究结果
使得我们能够依据营养物负荷来选择有效的大型植物物种用于进一步的废水处理，这
对于水管理中利用人工湿地经由生物量的采收去除营养物的的决策支持至关重要。另
外，我们表明土壤类型是之前低估的影响营养物去除和固定效率的重要因素。
除了去除营养物，大型植物，例如凤眼莲，同样管理着温室气体的流量。然而，关于
凤眼莲对温室气体的净作用还是存在着争议：它们是温室气体源还是汇？我们假定凤
眼莲对于温室气体的流量的不同作用可能取决于植物密度的不同以及是否植物扎根
于沉积物。因此我们使用一个全因子的，控制室内水族箱实验去阐明植物密度和沉积
物扎根对营养物动态和温室气体流量的影响（第四章）。与我们的期望一致，我们发
现植物密度和沉积物扎根强烈地影响着温室气体的流量。凤眼莲的出现显著地增加了
扩散的甲烷流量。这些流量随着植物密度而增加，尤其当植物扎根于沉积物时。由于
凤眼莲高的二氧化碳固定率，凤眼莲对温室气体的净作用（依据二氧化碳等价物）依
赖于植物密度是近乎中性或者是温室气体的汇。这指出当为湿地评估地区性的温室气
体流量时，不仅仅是植物的出现，它的密度和水的深度-管理着沉积物-根的接触-应该
被考虑在内。
高营养的浅湿地要么被绿藻或者蓝藻占领，要么被漂浮植物所覆盖，例如水蕨（满江
红），并且可能具有高的温室气体排放。此外，众所周知，在废弃的农业土包括排干
的泥炭地上构建和恢复湿地后，磷会很容易的从土壤中释放到上覆水中。在这里通过
迅速增长的满江红的生长和采收来有效地去除磷可能是一个避免下游富营养化问题，
循环过量的磷以及降低温室气体排放的可行方案。尽管众所周知铁是决定湿地生物地
球化学过程的重要因素，在满江红占主导地位的湿地中具体管理磷，温室气体，有机
碳排放的因素和机制仍然不清楚。因此我们用全因子，控制水族箱实验决定了铁和磷
到水层的释放，它们被细叶满江红的吸收，以及温室气体和有机碳的排放（第五章）。
本实验我们用了两种淹没的泥炭土，它们具有不同的铁还原率。我们表明电子捐献者
的可获得性（有机物部分）而不是铁和磷的可获得性解释了铁的还原率。铁的还原率
反过来强烈地管理着满江红占主导地位湿地中温室气体，总有机碳以及磷的排放。尽
管水层满江红的覆盖会引发碳，磷和铁的固定，由于它们高的厌氧降解率，淹没的泥
炭土仍然作为碳和温室气体的源。研究的结果不仅对于理解满江红占主导地位的湿地
的生物地球化学循环具有重要的意义，并且能够在土壤淹没后利用满江红来循环利用
农业土中的磷。
最后，在第六章我们基于整合前面几章的室内和围隔实验的研究结果，提出了最大化
湿地生态系统服务功能的设计方案。湿地的生态系统服务功能包括防洪（水停留和水
储存），土壤磷开采，废水处理以及生物量产出的碳固定。此外，在本章详细说明了
研究结果对于水管理，土地管理以及资源管理的意义。
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